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Millions of tons of sewage sludge, waste oil sludge and fish waste are produced annually, 
and improper treatment/disposal of these wastes have resulted in numerous environmental issues. 
On the other hand, these wastes are rich in organic materials, metals, and inorganic minerals and 
could be sustainable resources if utilized properly. The main purpose of this dissertation study was, 
therefore, to convert these wastes into composite adsorbents, and then use these adsorbents to 
remove various types of organic pollutants, emerging organic contaminants in particular, from 
wastewater and drinking water sources.   
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It is hypothesized that a hydrophobic carbon phase in the composite material would 
promote the physical adsorption of non-polar organic compounds, and an increase in the pores 
similar to the sizes of the non-polar adsorbates would further enhance physical adsorption on the 
carbon phase. It is further hypothesized that a polar mineral phase in the composite material would 
promote the chemical adsorption of polar organic compounds via specific interactions between the 
polar surface and functional groups of the adsorbates, and further diversifying the surface 
chemistry (e.g., introducing more elements especially catalytic metals to the mineral phase) would 
further enhance chemical adsorption of the polar compounds.    
To increase carbon content and diversify surface chemistry of the sewage sludge derived 
composite materials, two types of wastes were added to sewage sludge: 1) waste oil from a 
shipyard that is rich in organic carbon and metals, and 2) fish waste from a local food market that 
is rich in organic content as well as P and other elements. Different pyrolysis temperatures and 
acid wash procedures were employed in an effort to increase material surface area and porosity. 
The performances of these different composite materials for the adsorption of various types of 
organic contaminants were then evaluated, under batch, column, and in some cases field conditions. 
The metal leaching behavior of the sewage sludge/fish waste derived composite materials was 
thoroughly investigated to assure that these adsorbents would not yield secondary contamination 
when applied in water treatment. The impact of natural organic matter (NOM) on the analysis of 
selected organic contaminants (pharmaceutical compounds) via liquid chromatography-tandem 
mass spectrometry (LC/MS/MS) was also examined to make sure that such impact would not 
significantly alter the quality of the data collected.  
vi 
 
 Adding waste oil or fish waste not only increased the C content by a few percent by weight 
in the hydrophobic carbon phase of the composite materials but also increased the content of some 
other elements such as Mg and P in the mineral phase. Increasing the pyrolysis temperature from 
650 °C to 950 °C increased the surface area and total pore volume by as much as 100%, due to the 
decomposition of thermally unstable contents at high temperatures. Wash the sludge/fish waste 
derived composite materials with dilute acetic acid almost doubled the pore volume and surface 
area, due to the dissolution of some basic oxides such as CaO and also the removal of some tarry 
residues which may block the accesses to pores.  
When the performance of the sewage sludge/waste oil sludge derived composite materials 
was evaluated for antibiotic removal, it was found that these materials have maximum adsorption 
capacities ranging from 80 to 300 mg/g, comparable to activated carbons. A large volume of pores 
similar in size to the adsorbate molecules within the hydrophobic carbon phase was indicated as 
an important factor promoting the separation process. Moreover, the polar surface of an inorganic 
phase in the adsorbents attracted the functional groups of target molecules. The presence of 
reactive alkali metals promoted reaction with acidic groups, formation of salts and their 
precipitation in the pore system.  
When the adsorptive removal of 8 pharmaceuticals and endocrine disrupting compounds 
(EDCs) with the sewage sludge/fish waste based adsorbents was evaluated, it was found that the 
materials have the maximum adsorption capacities ranging from 16.9 to 38.6 mg/g, again 
comparable to activated carbons. Adsorption capacities obtained from rapid small scale column 
tests were about 50% of those obtained from batch equilibrium tests, demonstrating that the 
maximum adsorption capacities obtained from batch tests would be very relevant to the design of 
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column experiments or the prediction of performance under rapid flow through conditions. During 
the field experiment, 14 pharmaceutical compounds were detected in the source water of the Little 
Falls Water Treatment Plant. The large size columns were able to consistently remove 85-90% of 
the input pharmaceutical compounds and did not show any degradation of performance after a 
month of operation (~3500 bed volumes). 
The sewage sludge/fish waste based adsorbents were also able to remove 6 nitrosamines 
from water under batch equilibrium and dynamic flow through conditions. The adsorption 
capacities determined from batch experiments ranged from 4.3 to 17 mg/g, comparable to those of 
many other materials such as modified zeolite, mesoporous silica, and metal impregnated activated 
carbons. The strong correlation between the adsorbed amounts and logKow values of the 
compounds suggests that hydrophobic interaction play a significant role on adsorption on the 
composite materials.  
When the metal leaching behavior of the raw and acid washed adsorbents (sewage 
sludge/fish waste based) was examined, it was found that dilute acetic acid wash significantly 
reduced metal leaching with only 5 metals exceeded their maximum contaminant levels (MCLs, 
or drinking water standards). When column leaching tests were conducted, the concentrations of 
all the 5 metals dropped to below their respective MCLs within 10 bed volumes. Acid wash also 
neutralized the materials and significantly increased their surface area and pore volumes, resulting 
in an enhancement on the adsorption of three organic compounds by 2-5 times. This result suggests 
that the acetic acid washed composite materials could be potentially used in packed filters to treat 
wastewater or even drinking water without the concern of metal leaching. 
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As to the impact of NOM on the quantitative analysis of pharmaceutical by LC/MS/MS, 
it was found that NOM interacted with pharmaceuticals differently depending on the 
physicochemical properties of the analytes. The two anticonvulsants did not experience 
significant signal changes when mixed with NOM, whereas all 11 antibiotics experienced some 
signal supersession when mixed with one or more of the NOM. Possible mechanisms leading to 
the signal suppression include hydrogen bonds and electrostatic interaction between positively 
charged antibiotic species and negatively charged acidic groups of NOM, and π-interaction 
between the electron-withdrawing groups bonded to aromatic rings of the analytes and NOM. 
Overall the signal suppression was moderate (up to 24%), and the impact on quantitation by LC-
ESI-MS could be mitigated by using a standard mixed with a typical NOM, at a concentration 
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Chapter 1 Introduction 
1.1 Sludge based composite materials  
Municipal sewage sludge, also called biosolids, is a mixture of inorganic materials such as 
sand and metal oxides and exhausted biomass from aerobic and anaerobic digestion of the organic 
constituents of municipal sewage. Industrial sludges include wastes from industries such as 
shipyards, foundry, electroplating, tobacco, paper mills, etc. Sewage sludge typically contains high 
levels of nutrients, metals, persistent organic pollutants, pathogens, etc. [1-3], and requires proper 
treatment and disposal. It is estimated that the United States and the European Union each produce 
about 10 million tons of dry sewage sludge annually [4, 5]. China produces another 6 million tons 
of dry sludge per year [6], and this number is likely to grow in the near future as the extent of 
wastewater treatment increases.  
Like sewage sludge, fish waste is also produced in large quantities annually and needs 
proper treatment/disposal. During industrial processing of various fish species, up to 50% of the 
raw fish were converted into waste [7, 8], resulting in over 100 million tons of waste annually [9]. 
Over the past years, commercial fish waste was usually landfilled or discharged as processing 
effluents into water bodies. The processing effluents contain high levels of BOD (biological 
oxygen demand), TSS (total suspended solid), nutrients, and hydrogen sulfide, and are highly 
likely to produce adverse effects on the receiving coastal and marine environments [10]. 
The reuse of fish waste is currently limited to digestion to produce biogases [8]. In contrast, 
various methods have been used to dispose of or utilize municipal sewage sludge [4], including 




and carbonization [5, 11-14]. Since 1976 several patents have been issued on carbonization of 
sewage sludge and various applications of the final materials [15-17]. Industrial sludges after 
dewatering processes/drying are either used in landfills or disposed of, mainly as hazardous wastes. 
The processes of carbonization of sewage sludges and applications of the resultant 
adsorbents have been studied in detail previously and are described extensively in the literature [1, 
5, 18]. Sludge derived composite materials typically have surface areas between 100 and 500 m2/g. 
Their performance as adsorbents to hydrogen sulfides [19-21], sulfur dioxide [22], basic or acidic 
dyes [23], phenol [24, 25], copper [26-30], or mercury [31] has been reported comparable to or 
better than that on activated carbons. In many processes the excellent sorption ability of these 
materials is linked to the catalytic action of metals present in various forms in the final products 
[32]. In contrast, typical activated carbon does not contain such catalytic metals. 
Waste oil and metal sludge have been added to sewage sludge to produce composite 
materials with enhanced properties [33]. First, mixing sludges leads to the development of 
additional pores (mesopores in particular), resulting in an increased adsorption capacity. Second, 
surface chemistry is also altered during pyrolysis of the sludge mixture compared to the single 
components. A huge, reaching 100 % enhancement found in the performance of hydrogen sulfide 
adsorbents was linked to the changes in the composition and the surface distribution of an 
inorganic phase [33].  
In order to further diversify the surface features of sludge based adsorbents and explore 
more options of waste reclamation, fish waste rich in carbonaceous material and elements such as 




secondary component to produce a new type of composite materials. It has been proven that these 
adsorbents with fish waste as additives work effectively in removing pharmaceuticals such as 
carbamazepine, sulfamethoxazole and trimethoprim from water [34, 35]. 
 
1.2 Organic micro-pollutants 
N-nitrosamines are a family of extremely potent carcinogens. Six nitrosamine disinfection 
byproducts are listed in USEPA’s second Unregulated Contaminant Monitoring Rule [36] and 
cited in USEPA’s new Drinking Water Strategy as a group of contaminants to be addressed in the 
near-term, following the carcinogenic VOCs [37]. These nitrosamines include N-
nitrosodiethylamine (NDEA), N-nitrosodimethylamine (NDMA), N-nitrosodinbutylamine 
(NDBA), N-nitrosodinpropylamine (NDPA), N-nitrosomethylethylamine (NMEA), and N-
nitrosopyrrolidine (NPYR). NDMA which is frequently detected in water resources in US and 
Canada is classified as a B2 carcinogen by the Integrated Risk Information System (IRIS) of 
USEPA [38] and 2A carcinogen by the World Health Organization's International Agency for 
Research on Cancer [39]. It is typically observed in the low ng/L range in drinking water. However, 
concentrations equal to or above 1000 ng/L have been recorded in chloraminated raw water and 
chlorinated or chloraminated wastewater effluent [40].  
Pharmaceuticals and endocrine disrupting compounds (EDCs) are organic contaminants 
present ubiquitously in wastewater, surface water, and drinking water [41, 42]. These organic 
contaminants are introduced into the terrestrial environment via the application of animal waste as 
fertilizer and discharge of inefficiently treated hospital effluent [43] and wastewater [44, 45]. The 




it is suspected that the antibiotics in the environment can promote the natural selection of antibiotic 
resistant genes [46, 47]. Another effect is that antibiotics challenge microbial populations and will 
affect the composition of natural microorganism communities [48]. Thus, there is a great concern 
about these compounds from medical professionals, environmental scientists, drinking water 
municipalities, government agencies, and the general media. Studies on antibiotics removal from 
water have already been carried on by some researchers [49-51]. An extensive survey of the source 
water of 19 US water utilities for 51 pharmaceuticals and EDCs found that 11 compounds were 
frequently detected [42].  
 
1.3 Hypotheses and scope of the dissertation research 
It is hypothesized that a hydrophobic carbon phase in the composite material would 
promote the physical adsorption of non-polar organic compounds, and an increase in the pores 
similar to the sizes of the non-polar adsorbates would further enhance physical adsorption on the 
carbon phase. It is further hypothesized that a polar mineral phase in the composite material would 
promote the chemical adsorption of polar organic compounds via specific interactions between the 
polar surface and functional groups of the adsorbates, and further diversifying the surface 
chemistry (e.g., introducing more elements especially catalytic metals to the mineral phase) would 
further enhance chemical adsorption of the polar compounds.    
To increase carbon content and diversify surface chemistry of the sewage sludge derived 
composite materials, two types of wastes were added to sewage sludge: 1) waste oil from a 
shipyard that is rich in organic carbon and metals, and 2) fish waste from a local food market that 




acid wash procedures were employed in an effort to increase material surface area and porosity. 
The performance of these different composite materials for the adsorption of various types of 
organic contaminants were then evaluated, under batch, column, and in some cases field conditions. 
The metal leaching behavior of the sewage sludge/fish waste derived composite materials was 
thoroughly investigated to assure that these adsorbents would not yield secondary contamination 
when applied in water treatment. The impact of natural organic matter (NOM) on the analysis of 
selected organic contaminants (pharmaceutical compounds) via liquid chromatography-tandem 
mass spectrometry (LC/MS/MS) was also examined to make sure that such impact would not 
significantly alter the quality of the data collected.  
The dissertation consists of 7 chapters. Chapter 1 is the general introduction, and Chapters 
2-6 are the results, where each chapter is intended to be a standalone article, with its own 
Introduction, Materials and Methods, Results and Discussion, and Conclusions. Chapter 7 
proposes some future research directions related to my dissertation work.   
 
1.4 Significance of Study 
This research is aimed to develop new strategies of waste recycling technologies and to 
utilize sewage sludge and other wastes to produce composite adsorbents for water treatment. The 
organic micro-pollutants of concern (N-nitrosamines, pharmaceuticals and EDCs) are expected to 
be removed from aqueous phase. Currently materials of such characteristics are in high demand, 




Utilization of the sewage sludges will relieve the environmental stress caused by 
accumulation of these wastes. Materials obtained will create a new class of inexpensive adsorbents 






Chapter 2 Impact of Natural Organic Matter on Quantitative 
Detection of 11 Antibiotics in Water by Liquid Chromatography-







Antibiotics are widely used as human and veterinary medicine [52, 53], and 30-90% of 
administered antibiotics may be excreted in its original or conjugated form [54]. Many antibiotics 
can survive, to some degree, both conventional and advanced wastewater treatment processes [49, 
55, 56]. Antibiotics are introduced into surface water, soils, and groundwater from wastewater 
treatment plant effluents and/or from manure- or sewage sludge-based fertilizers [53, 57]. 
Antibiotics have been shown to affect soil bacterial community structure and enzymatic activities 
[58], and may lead to the development and spreading of antibiotic resistance [53]. A few recent 
studies [59-61] also indicate that even trace amounts of residual antibiotics in soils may impact the 
soil nitrogen cycle and lead to an increased emission of N2O, a potent greenhouse gas. 
Many advanced treatment processes (e.g., ozonation, chlorination, ultraviolet irradiation, 
nanofiltration, reverse osmosis, and activated carbon adsorption) have been used to remove 
antibiotics from secondary effluent [56]. Among these, adsorption is one of the best available 
technologies to remove antibiotics and other undesirable synthetic organic compounds in water 
[62, 63]. However, this approach is often affected by the presence of natural organic matter (NOM) 
in water [64-67]. NOM includes both humic and non-humic fractions. The humic part includes 
humic acid and fulvic acid, together with tannic acid comprise the majority of dissolved organic 
matter (DOM) in water [68]. DOM may reduce the capacity of adsorbents such as activated carbon 
by competing with and/or blocking access of target compounds to some nanoscale pores of 
adsorbents [65, 69, 70].  




organic pollutants by liquid chromatography tandem mass spectrometry (LC/MS/MS), the most 
widely used analytical technique for antibiotics and pharmaceuticals in general in complex 
environmental samples nowadays [63, 71]. This interference stems from the intermolecular 
association of analytes and NOM, including hydrophobic, H-bonding, electrostatic, and van der 
Waals interactions [72, 73].  Most of the antibiotics have positive logKow values, indicating 
medium to high hydrophobicity. Moreover, humic and fulvic acids have negatively charged 
carboxylate groups, which may interact with positively charged moieties on some of the antibiotic 
molecules under environmentally relevant pH. It has been shown that aqueous NOM may directly 
adsorb a wide range of compounds by hydrophobic interactions and/or other mechanisms [64, 74-
77].  
The interactions of NOM and antibiotics/pharmaceuticals occurring in a gas phase 
environment such as the ion source of a mass spectrometer may be different from those in the 
aqueous environment. There are very few studies investigating the influences of NOM on the 
detection of pharmaceuticals during MS analysis and the mechanisms remain unclear [72, 78-80]. 
NOM appears to have no influence on the electrically neutral carbamazepine, bisphenol A and 
negatively charged ibuprofen [72, 80]. However, when tested for more compounds 
Wickramasekara et al. [79] observed signal suppression at high NOM concentrations (up to 50 
mg/L).  Rivera et al. [78] also observed a broad range of recoveries (from 13% to > 200%) for 11 
pharmaceutical compounds. To our knowledge, there is no systematic study on the influence of 
NOM on antibiotic analysis by LC/ESI/MS. Thus, the objectives of this study are to investigate 
the impact of NOM on the quantitation of a wide range of antibiotics by LC-ESI-MS, and to relate 





2.2 Materials and Methods  
2.2.1 Chemicals 
Eleven antibiotics from five major categories and two anticonvulsants (carbamazepine and 
primidone) were examined in this study. Amoxycillin (AMO), carbamazepine (CBZ), 
chloramphenicol (CHP), chlorotetracyclinie·HCl (CTC), enrofloxacin (ENR), ofloxacin (OFL), 
sulfadiazine (SDZ), sulfamethazine (SMZ) and sulfamethoxazole (SMX) were purchased form 
Sigma-Aldrich (St. Louis, USA). Erythromycin (ERY) and Penicillin-G Potassium (PEN-G) were 
purchased from Calbiochem (San Diego, USA). Oxytetracycline·HCl (OTC) and primidone 
(PRM) were obtained from MP Biomedicals (Santa Ana, USA). These compounds are selected 
because they have been frequently detected in either sewage or the effluent of wastewater treatment 
plants (WWTPs) [56, 81]. The chemical structures of these analytes are summarized in Figure A1 
in Appendix A and their physicochemical properties such as pKa and logKow could be found in 
the supplementary material of previous work [63]. Three types of NOM were obtained from the 
International Humic Substances Society (IHSS, St. Paul, USA): Suwannee River NOM 1R101N 
(SRNOM), Nordic Reservoir NOM 1R108N (NRNOM) and Suwannee River Fulvic Acid 
Standard I 1S101F (SRFA).  
 
2.2.2 Methods 
A stock solution with a mixture of the 11 antibiotics and two anticonvulsants (~1000 μg/L 
each, with some variations due to solubility limitations) was freshly prepared in Milli-Q water 




through a 0.45μm filter.  
To examine the effects of NOM on antibiotic detection, three types of calibration curves 
(CC) were obtained: antibiotics only (CC I), constant ratio of NOM to antibiotics (CC II) and 
constant concentration of NOM (CC III). The stock antibiotic solution was first diluted with milli-
Q water to yield six different concentrations: 5, 10, 50, 100, 200 and 500 μg/L. For each 
concentration 8 sets of 10 mL aliquots were prepared for further use: CC II (3 sets) was made by 
adding a proper volume of one of the three NOM stock solutions to the 10 mL antibiotic solution 
to obtain NOM to antibiotics mass ratio of 1:1 (with the highest NOM concentration of 6.7 mg/L 
associated with 500 μg/L analytes); CC III (3 sets) was produced by adding 1 mL of one of the 
three NOM stock solutions to the 10 mL antibiotic solution to yield a constant NOM concentration 
of 9.09 mg/L (within the typical range of WWTP effluents [82, 83]); CC I (2 sets) are controls 
with antibiotics only, but with the addition of proper volumes of water (as opposed to the NOM 
solution) to keep the antibiotic concentrations exactly the same as either CC II or CC III standards.  
All samples were analyzed within 12 hours of preparation by HPLC/MS/MS with electron 
spray ionization (ESI) and multiple reaction monitoring (MRM). A Shimadzu HPLC, consisting 
of a DGU-20A3 degasser, LC-20AD binary pumps, a SIL-20AC HT autosampler, and a CTO-
20AC oven, was used. An Agilent Eclipse Plus C18 (1.8µm × 4.6mm × 50mm) column was 
applied for separation. The temperature of the column oven was kept at 40°C. The mobile phase 
consisted of water (component A) and methanol (component B) buffered with 0.1% (v/v) formic 
acid. The flow rate was 0.4 mL/min, and the following gradient elution program was used: 
equilibrate for 2 mins before injection, 5% B for 1 min, 95% B from 2.5 to 5.5 min, and 5% B 




automatically rinsed with 200 µL methanol between injections.  
Mass spectrometry was performed with an ABI 4000 Q-trap mass spectrometer (Applied 
Biosystems) with an ESI ion source and N300DR nitrogen generator (Peak Scientific, Billerica, 
MA). Nitrogen was used as both the collision gas and nebulizing gas. The curtain gas, collision 
gas, and ion source gas 1 and gas 2 were set at 20, 6, 50, and 50 psi, respectively. The nebulizer 
current was set at 3 mA and the temperature of the interface heater was maintained at 400°C. 
Quantitation of all compounds was made by primary MRM transitions and the secondary 
transitions were used as confirmation (Table A1 in Appendix). All samples were injected three 
times and the peak areas were used for calibration curves (peak area vs. concentration) and 
statistical analysis, described below.  
The pH of the mixed solutions at equilibrium was measured with Orion 290A+ pH meter 
(Thermo Electron Corporation, Waltham, USA).  
  
2.2.3 Statistical Analysis 
For each analyte, instrument signals (i.e., peak areas) of different analyte concentrations 
with NOM (y-axis) were plotted against corresponding peak areas without NOM (x-axis), and then 
the data were fitted with linear regression. The slope (m), intercept (b), standard deviation of slope 
(Sm), standard deviation of intercept (Sb) and square of correlation coefficient (R2) were calculated 
by least squares method using Microsoft Excel.  
To test whether the two series of instrument signals (i.e., peak areas with and without 




blends ANOVA (analysis of variance) and regression, was used. In ANOVA, the total variance 
includes between-group variance and within-group variance, so the F-test is computed by dividing 
the explained variance between groups by the unexplained variance within the groups. However, 
in ANCOVA the within-group variance is further divided into covariance (e.g., variance generated 
by different analyte concentrations) and systematic error, and the covariance could be separated 
when looking at the variance of instrument signals (peak areas). Comparing to ANOVA, 
ANCOVA can increase the ability to find statistical difference between groups with different 
treatment (e.g., with and without NOM) by reducing the within-group error variance (e.g., variance 
created by analyte concentration) [84]. To determine whether two series of instrument signals are 
statistically different, the assumption of “Homogeneity of Regression Slopes” in the ANCOVA 
model was tested. In our case the regression slopes refer to the slopes of the plots of instrument 
signals (peak areas) vs. analyte concentrations. SPSS (version 20, IBM Corporation) was used for 
the statistical analysis. Significance values higher than 0.05 indicate no differences between the 
instrument signals with and without NOM, while the values lower than 0.05 indicate differences, 
at the confidence interval of 95%.  
 
2.3 Results 
2.3.1 Solution pH and ionic species of analytes 
All the analytes examined here have one or more functional groups, thus the fraction of 
different ion species may change as solution pH changes through protonation or deprotonation. 
After mixing analytes with NOM, the solutions have pH values from 6 to 7. Based on each 




were calculated and tabulated in Table 2-1. At pH 6, ERY (99.9%) exists as cations; PEN-G 
(99.9%) and a majority of SMX (70%) exist as anions; CHP (100%), CBZ (100%), PRM (100%), 
and a majority of SMZ (97%) and SDZ (76%) are neutral; all the rest compounds are zwitterions 
in solutions. The distribution of different ionic species shifted a bit (towards more negative) at pH 





Table 2-1 Fraction of species (%) of the antibiotics and anticonvulsants at pH 6 and 7. The 
symbols ○⊕ represent negative, neutral, and positive functional groups, respectively.  
Category Compounds pH Fraction of species (%) 
Beta-lactam 
AMO  ○⊕○    ⊕○ ○○ ○   
pH 6 0.0 96.1 3.8 0.0   
pH 7 0.0 71.5 28.5 0.1   
PEN-G   ○    
pH 6  0.1 99.9   
pH 7  0.0 100.0   
Fluoroquinolones 
ENR  ○⊕⊕⊕ ⊕⊕⊕ ○⊕⊕ ○○⊕ ○○ 
pH 6 0.4 59.9 38.7 1.0 0.0 
pH 7 0.0 11.0 70.8 18.2 0.0 
OFL  ○⊕ ⊕ ○   
pH 6 48.1 51.6 0.3   
pH 7 8.1 87.3 4.6   
Sulfonamides 
  ○⊕ ○○ ○    
SDZ pH 6 0.0 76.0 24.0   
pH 7 0.0 24.0 76.0   
SMZ pH 6 0.0 96.9 3.1   
pH 7 0.0 75.6 24.4   
SMX pH 6 0.0 28.5 71.5   
pH 7 0.0 3.8 96.2   
Macrolides 
ERY  ⊕ ○    
pH 6 99.9 0.1    
pH 7 98.8 1.2    
Tetracyclines 
  ○○⊕ ○⊕ ⊕ ○  
OTC pH 6 0.2 96.5 3.3 0.0  
pH 7 0.0 74.0 25.7 0.3  
CTC pH 6 0.2 97.1 2.7 0.0  
pH 7 0.0 77.9 22.0 0.1  
Other 
CHP   ○    
pH 6  100.0 0.0   
pH 7  100.0 0.0   
Anticonvulsants 
CBZ  ⊕ ○    
pH 6 0.0 100.0 0.0   
pH 7 0.0 100.0 0.0   
PRM   ○    
pH 6  100.0 0.0   





2.3.2 Instrument signal change by addition of organic matter  
A few examples of peak area vs. concentration plots are presented in Figure 2-1. The square 
of correlation coefficients (R2) of peak area vs. concentration for all of the compounds with 
different NOM are greater than 0.99 (Table A2 in Appendix A) except for ENR (~0.98), OFL 
(~0.97), and CBZ (~0.96), which are still quite robust for LC/MS/MS method. It is noted that the 
low R2 value for CBZ is caused by the high instrument sensitivity for this compound and the 
saturation of the detector at the highest concentration point (the R2 value would be greater than 
0.99 if that point were excluded). The R2 of all the area-with-NOM (y axis) vs. corresponding area-
without-NOM (x axis) plots are higher than 0.99 except for ENR (0.95-0.98 in three cases) and 
OFL (0.97-0.98 in two cases) (Table 2-2), indicating strong correlations between the two series of 
corresponding instrument signals.  
 For the 11 antibiotics examined here, in 52 out of the 66 cases (79%) statistically 
significant signal suppression (i.e., m values < 1) was observed in LC-ESI-MS analysis after 
mixing with the NOM, and the decline ranges from 4 to 24% of the original signals (Table 2-2). 
In 13 out of the 66 cases there was no signal change, and only in 1 case (PEN-G with SRFA in CC 
III experiment) a 4% signal enhancement was observed (Table 2-2). The two anticonvulsants (CBZ 
and PRM) did not experience any statistically significant signal changes when mixed with any of 





Figure 2-1 Calibration curves of ERY with and without NOM in constant ratio (A) and constant 





Table 2-2 Statistical results of the instrument signals with and without the presence of NOM. 
Statically significant m values are highlighted in red (95% confidence level).   
Antibiotics 
Constant Ratio Experiments (CC II) 
SRNOM NRNOM SRFA 
Category Abbr. m Sig. R2 m Sig. R2 m Sig. R2 
Beta-lactam 
AMO 0.980 0.409 0.999 0.920 0.004 0.999 0.920 0.004 0.999 
PEN-G 0.910 0.001 1.000 0.860 0.000 1.000 0.850 0.000 1.000 
Fluoroquinolones 
ENR 0.840 0.000 0.996 0.920 0.063 0.999 0.840 0.000 0.984 
OFL 0.850 0.001 0.997 0.960 0.395 0.997 0.870 0.001 0.994 
Sulfonamides 
SDZ 0.990 0.860 1.000 0.950 0.138 1.000 0.950 0.142 1.000 
SMZ 0.960 0.038 1.000 0.940 0.000 1.000 0.930 0.000 1.000 
SMX 0.980 0.412 1.000 0.970 0.176 1.000 0.960 0.074 1.000 
Macrolides ERY 0.990 0.439 0.999 0.970 0.079 0.998 0.950 0.005 0.999 
Tetracyclines 
OTC 0.930 0.000 1.000 0.840 0.000 0.999 0.910 0.000 1.000 
CTC 0.850 0.000 1.000 0.790 0.000 0.988 0.830 0.000 0.994 
Other CHP 0.920 0.005 0.999 0.860 0.000 1.000 0.880 0.000 1.000 
Anticonvulsants 
CBZ 0.990 0.925 1.000 0.980 0.738 1.000 0.980 0.814 1.000 
PRM 0.970 0.277 1.000 0.970 0.191 1.000 0.960 0.139 1.000 
Antibiotics 
Constant Concentration Experiments (CC III) 
SRNOM NRNOM SRFA 
Category Abbr. m Sig. R2 m Sig. R2 m Sig. R2 
Beta-lactam 
AMO 0.930 0.004 1.000 0.960 0.035 0.999 0.950 0.000 0.999 
PEN-G 0.990 0.384 1.000 1.010 0.367 1.000 1.040 0.005 1.000 
Fluoroquinolones 
ENR 0.760 0.003 0.951 0.770 0.003 0.965 0.840 0.040 0.991 
OFL 0.760 0.000 0.970 0.800 0.000 0.976 0.830 0.005 0.994 
Sulfonamides 
SDZ 0.940 0.019 1.000 0.940 0.009 1.000 0.940 0.014 1.000 
SMZ 0.930 0.000 1.000 0.940 0.000 1.000 0.930 0.000 1.000 
SMX 0.920 0.000 1.000 0.910 0.000 1.000 0.930 0.000 1.000 
Macrolides ERY 0.840 0.000 0.997 0.900 0.000 0.999 0.930 0.000 1.000 
Tetracyclines 
OTC 0.970 0.109 1.000 0.860 0.000 0.999 1.010 0.820 0.999 
CTC 0.830 0.000 0.997 0.800 0.000 0.986 0.900 0.000 0.997 
Other CHP 0.920 0.000 1.000 0.930 0.000 1.000 0.930 0.001 1.000 
Anticonvulsants 
CBZ 1.010 0.922 1.000 1.010 0.882 1.000 1.030 0.662 1.000 
PRM 0.990 0.770 1.000 1.030 0.106 1.000 1.010 0.530 1.000 




 “Sig.” is the value of significance of difference between two series of instrument signals (with 
and without NOM);  
 “R2” is the square of correlation coefficients of the peak area-with-NOM (y axis) vs. peak area-
without-NOM (x axis). 
 
In the constant ratio (CC II) experiments, signals for SDZ and SMX (in addition to CBZ 
and PRM mentioned before) showed no statistical differences before and after the addition of either 
one of the three NOM (Table 2-2). AMO and ERY experienced either no effects or slight signal 
suppression (up to 8%) with the NOM (Table 2-2). Statistically significant signal suppression 
occurred to the remaining analytes to some degree, where fluoroquinolones (ENR and OFL) and 
tetracyclines (OTC and CTC) suffered the most (by as much as 17%).  
In the constant concentration (CC III) experiments, the signal suppression is slightly higher 
than those in the CC II experiments in most cases. The fluoroquinolones (ENR and OFL) again 
appeared to have suffered the greatest suppression (by > 20%). Signals of ERY decreased by 16% 
while those of CTC dropped by 17% (Table 2-2). The signals of OTC (in the same group as CTC) 
however, did not show any statistical differences. The signals for PEN-G did not change when 
SRNOM or NRNOM was added but some minor enhancement was observed with the addition of 
SRFA (by 4%, the only one in all 78 cases). The remaining compounds all experienced suppression 
to a certain extent (within 10%).  
 
2.4 Discussion 
2.4.1 General mechanisms for LC-ESI_MS signal suppression 
Sorptive interactions between organic compounds and NOM have been well observed and 




interaction, hydrogen bond, π interaction and electrostatic effects between opposite charges [72, 
73]. These weak interactions have clear effects on solution phase spectroscopic analysis to a certain 
extent [72, 80]. 
However, noncovalent interactions in a gas phase such as in the ion source act quite 
differently than in a solution phase. Other than hydrophobic interaction which is a strong attraction 
in water but becomes partly or completely lost in a gas phase [86], interactions based on charges, 
dipoles, and polarizability could survive in a gas phase environment. Electrostatic bonding 
between opposite-charged organic species in solution decreases by the dielectric constant of water, 
however it is expected to become strengthened in a solventless gas phase environment in the ion 
source and produces a signal reduction in comparison to a control [72, 87]. 
Weak interactions imply that they can be broken down easily. For example, proteins and 
other biomolecules can interact weakly via hydrophobic interactions, van der Waals associations 
as well as hydrogen bonding in a solution phase, but they could be separated chromatographically 
to become labile in the gas phase during ionization [72]. Furthermore, although ESI is a very soft 
ionization technique and noncovalent complexes can be transferred intact from the solution phase 
into the gas phase [86, 88, 89], in general the noncovalent bonding is easily dissociated by the 
application of excess heat or high voltages in the atmospheric pressure ion source [87], as indicated 
by their relatively low bonding energies [90, 91]. In fact, temperature lower than 120 °C is often 
used as the capillary temperature to study noncovalent bonding energies in macromolecules such 
as drugs, peptides, proteins, and DNAs [86, 92-94]. 




pharmaceuticals and NOM during ionization should be able to eliminate their effects on 
quantitative analysis [80]. For example, much broader recovery range (from 13% to over 200%) 
reported previously [78] may be partly due to relatively low ion source temperatures. However, 
noncovalent interactions may still persist at higher temperatures [89, 95]. For example, interactions 
(mostly hydrogen bonds) between cyclodextrin and peptide were still observed at a high ion source 
temperature of 400 °C, with a stable range of 180-260 °C [89]. π interactions were studied with 
ESI source at 120 °C [96], but there is a lack of direct support for the π interactions to tolerate 
higher temperature. However, considering their attractive energy (8-14 kcal/mol and 9-23 kcal/mol 
for selected π+-π and cations-π interactions, especially, which are higher than the typical hydrogen 
bond energy of ~5 kcal/mol [90, 91]), π interactions also have the potential to persist at 
temperatures above 120 °C. The declustering potentials used in this study are in a relatively low 
range except for PEN-G and ERY, and would not likely contribute significantly to the dissociation 
of weak interactions between pharmaceuticals and NOM [97, 98].  
 
2.4.2 Signal changes related to physicochemical properties of analytes 
Most of the m values in this study are less than 1 (Table 2-2), indicating that the MS 
instrument signals of most of our analytes have been suppressed by the presence of NOM.  
AMO signal was affected by complexation with NOM which resulted in m values of 0.92-
0.98 (all statistically significant except for the value of 0.98). AMO existed primarily as zwitterions 
under the experimental conditions (see Table 2-1), and the positive and negative charges in the 
AMO molecules are spatially separated and may act independently. Thus, positive moieties of 




group, leading to signal suppression. Similar influences could be found on other compounds with 
positively charged functional groups such as ERY (100% positive charge) and/or zwitterions such 
as ENR, OFL, CTC, and OTC (see Table 2-1 for distribution of ionic species).  
The fluoroquinolones (ENR and OFL) suffered the largest signal suppression among all of 
our analytes (m values as low as 0.76). ENR has multiple positive charges and two aromatic rings 
in the structure (see Table 2-1 and A1), more than most of the other analytes. The fluorine and 
oxygen bonded to the aromatic rings would lower the π-electron density and hence promote the 
formation of π interaction with NOM. Moreover, they may also increase the bonding energy of π 
interaction [90] and make it difficult to disassociate at high temperatures. There are also multiple 
O and N atoms which could be involved in the formation of H-bonds. All of these would encourage 
noncovalent interactions between fluoroquinolones and NOM.  
OTC and CTC are within the same compound classification (tetracyclines) and share 
similar molecular structures, but their signal suppression is somewhat different. CTC has a much 
larger suppression than OTC which may result from chlorine in the CTC structure. The chlorine 
bonded on the aromatic ring of CTC would significantly change the distribution of the electron 
cloud and hence reduce repulsion between aromatic rings and NOM, which would help to form π 
interaction. The chlorine may also generate a stronger dipole moment for CTC compared to OTC 
which would encourage other types of electrostatic interactions with NOM.  
ERY experienced signal suppression with NOM in four out of six cases (Table 2-2), despite 
of the high declustering potential applied. Besides its positive charge (>98%, Table 2-1), ERY is 




positively contribute to London dispersion force. More importantly, there are many hydroxyl and 
carbonyl groups in the structure which are expected to form numerous hydrogen bonds with NOM, 
leading to signal suppression.  
Sulfonamides (SMZ, SDZ and SMX) which show moderate suppressions are 
neutral/negative in solution under experimental conditions (Table 2-1). Electrically negative 
features may not contribute significantly to signal suppression because the NOM has been desalted 
and cation complexation would be limited. Nevertheless, like fluorine in NOR and OFL, the 
sulfonyl and amine groups bonded to the benzene ring would also reduce its electron density, 
therefore promote π-interaction. Hydrogen bonds are also possible on the H, N and O sites. 
The electrically neutral CBZ and PRM were not significantly impacted by NOM because 
hydrophobic interaction in the gas phase is weakened in the absent of water. Even though CBZ 
and PRM also have aromatic rings, their structures are somewhat symmetric and thus the polarities 
are greatly reduced. As such, dispersion force would be limited. The electrostatic interactions like 
π stacking may not be as strong as other compounds and could be dissociated before entering the 
MS. Similar recoveries [78, 80] obtained in previous studies at a lower ion source temperature and 
cone voltage also suggest that the bond between CBZ and NOM is weak.  
The situation is quite different for CHP which is also neutral but experienced some 
suppression. This discrepancy also could be explained by their structure differences. Besides more 
potential H-bonding sites, CHP contains two strongly electronegative chlorine atoms. The 
chlorines may also significantly change the polarity of the molecule, therefore increase the London 




PEN-G was almost 100% anionic under the experimental conditions (Table 2-1) and, as 
previously mentioned, electrically negative features may not significantly contribute to signal 
suppression. Nonetheless, PEN-G contains one aromatic ring which could lead to π interaction, 
and H, N and O sites which could form H-bonds, resulting in signal suppression. The high 
declustering potential applied may partially dissociate weak interactions but moderate suppression 
was still apparent in the constant ratio experiments (CC II) (Table 2-2). In the constant 
concentration experiments (CC III) no suppression was evident in the presence of SRNOM and 
NRNOM, and a minor signal enhancement (statistically significant) was observed (Table 2-2). 
This result is counterintuitive because higher NOM concentrations were used in the CC III 
experiments, therefore, more suppression was expected (as was the case for most other antibiotics 
tested here). One possibility is that a higher background was registered in the PEN-G signals as 
the NOM content increased, masking the suppression resulted from the interactions between PEN-
G and NOM, and even leading to a slight signal enhancement. Other studies have also observed 
signal enhancement for some compounds but there is no clear trend between enhancement and 
NOM concentrations [78, 99]. It was speculated that signal enhancement was due to the charge 
stabilization caused by NOM during the electrospray process [99]. 
 
2.4.3 Signal changes related to NOM characteristics 
As reported by previous studies and reconfirmed in this study (data not shown), SRNOM 
masses were distributed around 400 m/z which can be the result of multiple charges [79]. The 
SRNOM and NRNOM contain not only the hydrophobic and hydrophilic acids but also other 




SRFA shows a similar mass spectrum [100] but contains only hydrophobic organic acids. The 
isolation of SRFA was performed using XAD-8 resin adsorption method which also involved a 
desalting step. The average molecular weight of SRNOM in filtrate is 12,800 [101] and it is 
speculated that NOM consists of supermolecular aggregates of small fragments held together by 
numerous noncovalent interactions [102]. The average molecular weight of SRFA is ~ 600 [103]. 
SRNOM consists of more aromatic but less aliphatic carbon than NRNOM. According to Thorn 
et al. [104], the aromatic carbon accounts for 23%, 19% and 24% of total carbon of SRNOM, 
NRNOM and SRFA, respectively, while carboxyl carbon accounts for 20%, 21% and 20%, 
respectively. While there are some differences among the three NOM, there is no clear correlation 
between the degree of signal suppression and types of NOM used. One possibility is that although 
there might be different associations between the analytes and different NOM in aqueous solution, 
such associations would be broken up to certain extent due to the relatively high temperature 
during ionization, thereby masking any differences caused by the differences in NOM properties.  
 
2.5 Conclusions 
The impact of three NOM on the quantitation of 11 antibiotics and 2 anticonvulsants using 
LC-ESI-MS was examined. The two anticonvulsants did not experience any signal changes when 
mixed with any of the three NOM, whereas all 11 antibiotics experienced some signal 
supersession when mixed with one or more of the NOM. The fluoroquinolones and tetracyclines 
experienced the most suppression (up to 24%) whereas the remain antibiotics experienced minor 
to moderate signal suppression (generally within 10%). Possible mechanisms leading to the signal 




antibiotic species and negatively charged acidic groups of NOM, and π-interaction between the 
electron-withdrawing groups bonded aromatic rings of the analytes and NOM. The extent of 
signal suppression could be related to the physicochemical properties of the analytes, but a clear 
relationship with the types of NOM was lacking. Overall the signal suppression was moderate 
(up to 24%), and the impact on quantitation by LC-ESI-MS could be mitigated by using a standard 
mixed with a typical NOM (e.g., one of those used in this study), at a concentration similar to that 
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One of the wastes produced by contemporary society in an abundant quantity is municipal 
sewage sludge, often referred to as biosolids. Biosolids are a mixture of exhausted biomass 
generated in the aerobic and anaerobic digestion of the organic constituents of municipal sewage 
and inorganic materials such as sand and metal oxides. Other sludges include wastes from such 
industries as shipyards, foundry, electroplating, tobacco, or paper mills. It is estimated that about 
10 million dry tons of sewage sludge are produced in the US annually [105].  
Various methods have been used to dispose of or utilize municipal sewage sludge [105], 
including incineration, landfilling, road surfacing, conversion to fertilizer, compression into 
building blocks, and carbonization [11]. Since 1976 several patents have been issued on 
carbonization of sewage sludge and various applications of the final materials [15-17]. 
Carbonization of sludge in the presence of chemical activating agents such as zinc chloride and 
sulfuric acid produces new sorbents, with applications in such processes as removal of organics 
in the final stages of water cleaning, and removal of chlorinated organics. Industrial sludges after 
dewatering processes/drying are either used in landfills or disposed mainly as hazardous wastes. 
 Materials resulted from carbonization of sludges have surface areas between 100 and 500 
m2/g. Their performance as adsorbents of hydrogen sulfides [106], sulfur dioxide [107], basic or 
acidic dyes [108], phenol [24], copper [109], or mercury [110] has been reported as comparable 
or better than that on activated carbons. In many processes the excellent sorption ability of these 
materials is linked to the catalytic action of metals present in various forms in the final products. 




governing the pollutant removal capacities [111]. 
 An estimated 100,000 to 200,000 tons of antibiotics are produced each year [112] as human 
and veterinary medicine [52, 53], and as much as 30% to 90% of administered antibiotics can be 
excreted without being metabolized [54]. The excreted antibiotics are often discharged into surface 
waters or leached into soils and groundwater from manure-based fertilizers or sewage sludge [53, 
57], and have begun to accumulate in aquatic and terrestrial environments. In aquatic resources, 
measured antibiotic concentrations are typically μg/L levels in hospital effluent, low μg/L in 
wastewater, and low to high ng/L in various surface waters [54, 56, 57, 113]. Antibiotics have been 
shown to affect soil bacterial community structure and respiratory and enzymatic activities [58]. 
In addition, antibiotics in the environment may lead to the development and spreading of antibiotic 
resistance, a critical concern as it relates to the effectiveness of antibiotics in the treatment of 
human disease [53]. 
 Advanced treatment processes including ozonation, chlorination, ultraviolet (UV) 
irradiation, nanofiltration (NF) and reverse osmosis (RO), and activated carbon adsorption have 
been applied to remove antibiotics from secondary effluent [56]. Ozonation is effective in removal 
of antibiotics from water and wastewater effluent but the potential transformation of antibiotics to 
products that remain biologically active and resistant to further ozonation is a concern [114]. 
Likewise, a major concern for treating pharmaceuticals by chlorination is the formation of 
chlorinated byproducts that may be more toxic than the parent compounds [115]. High UV 
radiation doses (20-100 times the typical disinfection dose) are often required to effectively 
degrade antibiotics in wastewater effluent due to the presence of dissolved organic carbon [116, 




and membrane degradation due to exposure to residual chlorine can impact rejection of some 
antibiotics [118]. Adsorption capacity of 1-2 mmol/g of nitroimidazoles on activated carbon was 
reported [62]. In general, non-polar antibiotics can be effectively removed with activated carbon 
by hydrophobic interactions but the adsorption of more polar and charged compounds on these 
materials is much more difficult to predict [56]. Other methods of antibiotic removal reported in 
the literature include photodegradation with UV/catalysts or Fenton’s reagent [119, 120], 
adsorption by carbon nanotubes [121] or clays [122], and ion exchange [123], and each has its 
limitations. 
Since adsorption is one of the most promising methods for separation of various water 
pollutants, the objective of this paper was to evaluate sewage and waster oil sludge derived 
materials as antibiotic removal media. Two anticonvulsants (carbamazepine and primidone) that 
are barely removed during wastewater treatment were also included here, as adsorption might be 
an effective method of their separation. The sludge derived materials were shown previously as 
excellent adsorbents of dyes [108]. Taking into account the similarity in the sizes and chemistries 
of dyes and antibiotics, we hypothesized that the surface of sludge derived carbonaceous 
adsorbents would also be active to retain antibiotics. We measured the adsorption capacities and 
linked them to the specific surface features of adsorbents and to the properties of adsorbates. 
Finding applications of the sludge derived materials as adsorbents is an important issue from the 
point of view of environmental remediation. The process applied has the potential of turning 




3.2 Materials and methods 
3.2.1 Adsorbents 
The materials used in this study were described previously [108, 124]. They were obtained 
by pyrolysis of industrial waste oil sludge (WO) from Newport News Shipyard, dewatered sewage 
sludge from Wards Island Water Pollution Control Plant (SS), or their mixtures (SSWO, 50:50 
ratio based on the wet mass), at 950 oC or 650 oC in a nitrogen atmosphere in a fixed bed (horizontal 
furnace). The materials are referred to as SS, WO and SSWO based on their composition, followed 
by 950 or 650 reflecting the pyrolysis temperature. 
3.2.2 Characterization of adsorbents 
Textural characterization was carried out using nitrogen adsorption-desorption isotherms 
(ASAP 2010, Micromeritics) at -196oC. The isotherms were used to calculate the specific surface 
areas, micropore volumes, mesopore volumes, total pore volumes, and pore size distributions. The 
latter was determined using the BJH method. 
Potentiometric titration measurements were performed with a DMS Titrino 716 automatic 
titrator. The instrument was set in the equilibrium mode when the pH was collected. Each sample 
was titrated with 0.1 M HCl. Experiments were carried out in the pH range 3-10. The experimental 
data were transformed into a proton binding curves, Q, representing the total amount of protonated 
sites [125]. 
Thermal analysis was carried out using a TA Instruments Thermal Analyzer. The pH of 




distilled water. Infrared spectroscopic measurements were done on Nicolet 380 FTIR 
spectrophotometer using Attenuated Total Reflectance method (ATR). 
3.2.3 Adsorption of pharmaceuticals  
Adsorption of pharmaceuticals was measured in closed batch experiments at room 
temperature. A mixture of pharmaceuticals was used due to the limited amount of the sludge-
derived materials available for this work and the fact that many pharmaceuticals co-exist in 
wastewater. One mL of solution containing a mixture of 11 antibiotics plus 2 anticonvulsants (see 
Table B1 in Appendix B for the list of compounds) of various concentrations (from 0.1 mg/L up 
to 200 mg/L; see Table B2 for the concentrations used) was mixed with 0.050 g of a sludge-derived 
sorbent material in amber glass vials. Later analyses indicated that adsorption maximum was not 
reached for many compounds. Since the concentrations of the compounds could not be further 
increased due to solubility limitations, 10 mL of solution (with the highest two concentrations) 
was used to increase contaminant loadings. Duplicates were prepared for each concentration with 
each adsorbent. The sample vials were sealed and then shaken on an orbital shaker for 24 hours 
for the isotherm study. A preliminary study with the SSWO950 material indicated that this time is 
sufficient to achieve equilibrium (data not shown). After reaction, the adsorbate concentration in 
the supernatant liquid (Ce, equilibrium concentrations of the remaining antibiotics in the solution) 
was measured using liquid chromatography/tandem mass spectrometry (LC/MS/MS, described 
below) and the uptake (qe) was calculated. The pH of the solution at equilibrium was also measured 




The equilibrium data were fitted to the Langmuir-Freundlich (L-F) isotherm model [126] 
from which the limiting adsorption capacity was calculated. Non-linear regression was used to 
derive the fitting parameters.  
 
3.2.4 LC/MS/MS method 
All samples were analyzed using LC/MS/MS with electron spray ionization (ESI) and 
multiple reaction monitoring (MRM). A Shimadzu HPLC with an Agilent Eclipse Plus C18 (1.8 
µm × 4.6 mm × 50 mm) column was used for compound separation. The temperature of the 
column oven was kept at 40°C. The mobile phase consisted of water (component A) and methanol 
(component B), each containing 0.1% (v/v) formic acid. The flow rate was 0.4 ml/min, and the 
following gradient elution program was used: 5% B for 1 min, 95% B from 2 to 5.5 min, and 5% 
B from 5.6 to 6 min. Ten µl of sample (after proper dilution) was injected through the 
autosampler, and the needle was automatically rinsed with 0.2 ml methanol between injections.  
Mass spectrometry was performed with an ABI 4000 Q-trap mass spectrometer (Applied 
Biosystems, Carlsbad, CA) with an ESI ion source and N300DR nitrogen generator (Peak 
Scientific, Billerica, MA). Nitrogen was used as both the collision gas and nebulizing gas. The 
curtain gas, collision gas, and ion source gas 1 and gas 2 were set at 20, 6, 50, and 50 psi, 
respectively. The nebulizer current was set at 3 mA and the temperature of the interface heater was 
maintained at 400°C. Quantitation of all compounds was made by two MRM transitions (see Table 





3.3 Results and discussion 
3.3.1 Adsorption isotherms and capacities 
Examples of the measured isotherms of three compounds (OTC, ENR and ERY, 
representing high, medium, and low adsorption, respectively) on SS950, WO950, and SSWO950 
with the fit to the L-F equation (where possible) are presented in Fig. 3-1. It is noted that most of 
the compounds at environmentally relevant concentrations (e.g., 0.1 to 1 mg/L, see Fig. 3-1 for an 
example) were completely removed by the adsorbents. As such, it was necessary to use much 
higher concentrations to determine the maximum adsorption capacities. For the majority of 
adsorbents, the shape of isotherms indicates the existence of high energy adsorption sites on the 
sorbent surfaces. For some compounds (e.g., ERY and PRM), the uptake (qe) by the adsorbents 
decreased significantly at the two highest contaminant loadings (see Fig. 3-1C for an example), 
suggesting competitive adsorption among the compounds. The observed adsorption capacities for 
each compound at the highest contaminant loading are presented in Figure 3-2A. Since the highest 
contaminant loadings were different for some compounds due to solubility limitations, the removal 
efficiencies (%) at the highest loading are also presented here (Figure 3-2B). 
When the adsorbed amounts of each species are compared, OTC and CTC show highest 
amounts adsorbed (up to 33 mg/g, or 0.07 mmol/g) with respect to the other pharmaceuticals 
examined here (Fig. 3-2A). These two compounds are among the three compounds with the largest 
polar surface areas (close to 200 Å2, Table 3-1). Further, over 65% of the OTC molecules and over 
82% of the CTC molecules have a positively charged functional group at the solution pH (6.8-8.7, 





Figure 3-1 Examples of the adsorption isotherms for OTC, ENR, and ERY on the sludge derived 






Table 3-1 Some physical properties of the antibiotics and anticonvulsants tested in this study.   






Beta-lactam Amoxicillin AMO 158 16.9 236.2 
Penicillin-G K salt PEN-G 87 15.7 235.2 
Fluoroquinolones Enrofloxacin ENR 64 16.8 259.3 
Ofloxacin OFL 73 15.6 243.9 
Sulfonamides Sulfadiazine SDZ 106 13.2 167.2 
Sulfamethazine SMZ 106 12.9 199.8 
Sulfamethoxazole SMX 107 13.2 173.1 





OTC 202 14.2 268.1 
Chlortetracycline 
HCl 
CTC 182 14.3 270.7 
Other antibiotics Chloramphenicol CHP 115 14.4 208.8 
Anticonvulsants Carbamazepine CBZ 46 9.0 186.5 
Primidone PRM 58 8.9 191.7 
aCalculated by ChemBioOffice 2010 (CambridgeSoft); bObtained from SciFinder. 
 
(also close to 200 Å2) and partial positive charges, however, was adsorbed in smaller quantities 
than were OTC and CTC (Figs. 3-1 and 3-2). It has the highest molar volume and topological 
diameter among the pharmaceuticals tested (Table 3-1), thus the large molecular size may limit its 
access to micropores, leading to the small amount adsorbed. Moreover, ERY appeared to be 
displaced by other molecules such as OTC and CTC as the contaminant loading increased (Fig. 3-
1C). Since the three sulfonamides (SDZ, SMZ, and SMX) are among the smallest compounds 
tested here (Table 3-1), they should have the advantage of entering micropores. Interestingly, they 
were adsorbed in relatively low quantities (Fig. 3-2). Obviously, the size of the adsorbate is not 




sulfonamides are predominately negatively charged (Table B5), which may have hindered their 
interactions with the surface of the adsorbents (slightly negative at the solution pH of 6.8-8.7). 
Among the three neutral compounds, CBZ had higher affinity for adsorption on our materials than 
CHP and PRM (PRM was displaced by other compounds at the highest contaminant loadings). 
The physicochemical properties of CBZ and PRM are very similar except for hydrophobicity, i.e., 
CBZ is more hydrophobic (logKow of 1.51) than PRM (logKow 0.91). CHP is slightly larger and 
more polar (Table 3-1) than CBZ but less hydrophobic (logKow of 1.14). The difference in 
hydrophobicity may be an important factor affecting adsorption of neutral compounds by the 
adsorbents used here.  
When the adsorption capacities of our materials are considered, the WO and SSWO 
materials show similar performance whereas the amounts adsorbed on SS materials are smaller 
(Fig. 3-2). This difference is more apparent when the total adsorption capacities (sum of adsorption 
capacities for all compounds tested) are compared (Fig. 3-3). On the WO and SSWO materials 
about 100 mg of the pharmaceuticals were adsorbed per g of adsorbent at the highest contaminant 
loading, twice the amount adsorbed on the SS materials. The adsorption capacities for the 
adsorbents obtained at the two different temperatures (650 oC and 950 oC) appeared to be similar 
(Fig. 3-3). It is important to mention that the maximum adsorption capacities obtained from fitting 
the L-F equation to the data for the 6 materials tested here (80 -300 mg/g, Fig. 3-3) are comparable 
to the adsorption capacities of 3 different activated carbons for nitroimidazole antibiotics (200-400 





Figure 3-2 Maximum observed adsorption capacities (A) and percent removal of each species at 
the highest contaminant loading (B). 
 
 
Figure 3-3 Comparison of the total adsorption capacities for the compounds tested on the sludge 
derived adsorbents. “Measured” represents the amount adsorbed at the highest contaminant 




















































Figure 3-4 A) Surface area (SBET) and average pore sizes (DBJH); B) Total volume (Vt) and volume 
of the micropores (Vmicro) of the adsorbents, and the volume occupied by the compounds derived 
from the amount adsorbed at the maximum contaminant loading (Voccup, m) and from the maximum 





3.3.2 Material characteristics and adsorption performance 
 In order to understand the complex behavior of our materials, the properties of both 
adsorbates and adsorbents have to be analyzed. Even though the surface features of the sludge 
derived materials have been described in detail elsewhere [108, 124], for the sake of clarity and 
more meaningful data interpretation, we briefly summarize the previously published results here.  
Parameters of the porous structure determined from nitrogen adsorption isotherms and pore 
size distributions are important to evaluate the performance of any adsorbent. They are presented 
in Fig. 3-4 and Figure B1 of Appendix B, respectively. The porosity of our materials is mainly in 
the range of mesopores with sizes between 30 and 1000 Å.  The surface areas range from 100-180 
m2/g (SBET) with the average pore sizes of 50 -150 Å (DBJH) (Fig. 3-4A), which is consistent with 
the mesoporous nature of our samples. The best performing adsorbents have the highest degree of 
microporosity and smallest pores. Since the estimated sizes of our adsorbate molecules are smaller 
than 20 Å (Table 3-1), the micropores should be the high energy adsorption centers, if physical 
adsorption is the predominant adsorption mechanism [127]. We have to also consider that in our 
system the compounds of various chemistries and geometries are present and each of them would 
tend to occupy the most energetically favorable centers. Therefore, the competition for the 
adsorption centers cannot be ruled out. Moreover, specific adsorption and reactive adsorption 
mechanisms [128] are also highly probable to take place and they are discussed later in this paper. 
Nevertheless, for the latter adsorption mechanisms, the molecules have to be first physically 
attracted to the surface. Based on the volume of micropores the order of the performance should 
be the following: SSWO950 ≈ WO650 > WO950 ≈ SSWO650 ≈ SS950 ≈ SS650 (Fig. 3-4B). 




are more than twice the capacities of the last two materials (SS) (Fig. 3-3). These results suggest 
that physical adsorption is not the sole mechanism that governs the removal of the pharmaceuticals 
on our adsorbents. This notion is supported by the comparison of the volume of the species 
adsorbed and the volume of micropores (Vmicro) (Fig. 3-4B). The occupied volume derived from 
the molar volume of each compound and the amount adsorbed under the maximum contaminant 
loading, Voccup, m, was very close to the Vmicro for the 6 adsorbents (Fig. 3-4B). For the SS650, 
SS950, and SSWO950 materials more than 50% of the micropores are probably too small (< 9Å, 
Fig. B1) for the compounds tested here (topological diameter >9Å, Table 3-1), thus some 
adsorption must have occurred in mesopores. The occupied volume derived from the predicted 
maximum adsorption amount (based on the L-F fits), Voccup, p, was 1.2-3.2 times of Vmicro (Fig. 3-
4B), further supporting the notion that mesopores (where specific/chemical interactions can take 
place) were involved in the adsorption of the compounds.  
 When chemisorption or reactive adsorption is considered as possible adsorption 
mechanisms, the sizes of pores and the accessibility/distribution of reactive centers are of 
paramount importance. For the presence of active centers, the surface chemistry has to be analyzed. 
The elemental analysis indicated that our materials have up to 20 wt % of carbon (less in high 
temperature carbonized adsorbents) [106, 129], 3.2-6.1 % of iron, 4-5.1 % of calcium, 0.13-0.25 % 
of copper, 0.1-0.59 % of zinc and 1.3-11 % of magnesium [108, 124, 129]. The surface pH varies 
between 9.3 and 10.9, indicating their strong basic character. While there are no significant 
differences in the amounts of iron or calcium between the adsorbents, magnesium exhibits a very 
broad range of concentrations. The highest content of this element is found in the waste oil derived 




temperature (650 oC) the solid state transformations of an inorganic matter does not occur to a 
great extent [129] and an inorganic phase is expected to be quite active in chemical reactions. The 
XRD analysis indicated that in WO650 besides aluminum in the metallic form, hunite 
(Mg3Ca(CO3)4), sapphirine ((Mg4Al4)Al4Si2O2), barringerite, (Fe2P), goethite ( FeO(OH)) and 
almandine (Fe3Al2SiO4) are also present. Heating this material at 950 oC results in the appearance 
of metallic iron, lepidirocite (FeO(OH)), bornite (Cu5FeS4), zincite (ZnO), quartz( SiO2) and 
ankerite (Ca(Fe, Mg)(CO3)2), hibonite (CaAl12O19) and vaterite (CaCO3) [129]. From all these 
compounds, carbonates appear to be the salts which might be involved in chemical exchange 
reactions with antibiotics having carboxylic acid- or phenol-based acidic groups. Indeed, the 
affinity of such compounds (e.g., OTC, CTC, AMO, PEN-G, ENR, and OFL) to the adsorbents 
containing waste oil (WO and SSWO) was the highest among all compounds tested here (Fig. 3-
2). It is possible that the salts formed precipitated in the pore system, and the large volume of pores 
favors this process. The presence of inorganic amorphous oxides from the thermal decomposition 
of magnesium salts during pyrolysis cannot be ruled out. Carbonates were also found in SS650 
(MgCO3), SSWO950 (vaterite (CaCO3), smithsonite (ZnCO3)) [129]. They may contribute to the 
significant uptake of the majority of our adsorbates on the latter material. In the case of SS650 the 
presence of small micropores can limit the accessibility of the bulky adsorbate molecules to the 
reactive sites.  
 The polarity of adsorbents’ surface can also play a crucial role in the specific adsorption, 
especially where there is some degree of compatibility with the properties of the adsorbate. The 
polar surface area (PSA) for each antibiotic was calculated using ChemOffice (CambridgeSoft, 




of the molecular surface and is defined as the part of this surface corresponding to oxygen and 
nitrogen as well as hydrogen heteroatoms attached to these atoms. The biggest polar surface areas 
are exhibited by OTC, ERY, CTC, and AMO, and three of them (OTC, CTC, and AMO) have the 
highest adsorption to waste oil derived materials (Fig. 3-2A). Our analysis indicates that in addition 
to micropores, mesopores also played an active role in adsorption, especially on the surface of the 
waste oil derived materials (Fig. 3-4B). In those pores the polar mineral phase is the predominant 
chemical constituent of the pore walls. Therefore, it appears that polar interactions of the 
adsorbates with the polar mineral phase are another important mechanism of adsorption. The lack 
of adsorption of ERY could be attributed to its large size (molar volume of 607 cm3, Table 3-1), 
which may limit its access to the micropores (where physical adsorption occurs) and subsequently 
to the larger mesopores where chemical adsorption occurs. In contrast to the mesopores in which 
the polar mineral phase dominates, the micropores are of a carbonaceous or mixed origin and are 
important sites for the adsorption of non-polar compounds such as CBZ.  
The surface chemical reactivity of our adsorbents towards acids is confirmed by the results 
of potentiometric titration. The proton binding curves presented in Fig. B2 (Appendix B) show the 
basic character of the surfaces with the highest reactivity of WO650 and SSWO650. SSWO950 
becomes reactive in strongly acidic environment. Interestingly, both sewage sludge derived 
adsorbents appear as the most stable. This is linked to their low content of magnesium, which we 
hypothesize is the active species enhancing reactive adsorption of antibiotics containing acidic 
groups on the materials having the waste oil component. Even though the majority of acidic groups 




one has to take into account the shift in chemical equilibria in confined spaces and thus different 





3.3.3 FTIR result 
 
Figure 3-5 FTIR spectra for the initial, water exposed, and exhausted (after adsorption under the 




The surface chemistry of the adsorbents before and after exposure to antibiotics was also 
analyzed using FTIR and the spectra are presented in Fig. 3-5. The main difference between the 
waste-oil- and sewage-sludge-derived adsorbed is the well-defined band in the wavelength range 
3200-3600 cm-1 representing vibrations of OH groups. This band is even revealed on the spectrum 
for WO950 indicating the presence of hydroxides (likely magnesium based), which contribute to 
the reactivity of these adsorbents’ surfaces with acidic groups of adsorbates. The intense bands 
between 800 and 1200 cm-1 represent Si-O(Si) and Si-O(Al) from tetrahedral or alumino- and 
silico-oxygen bridges in aluminosilicates [130]. The small band between 1400 cm-1 and 1700 cm-
1 are more visible for samples heated at 650 oC than for their high temperature counterparts. This 
might be related to the oxygen groups incorporated to the carbonaceous phase and might include 
vibrations from carboxylic groups at about 1100 and 1650 cm-1 or C-O groups at about 1400 cm-1. 
Some of these groups are destroyed when heated at high temperature. The band at 800 cm-1 is 
attributed to the vibration of quartz [130]. Exposure of the adsorbents to high concentrations of 
pharmaceuticals causes visible changes in the region between 1250 cm-1 to 1700 cm-1. Thus, the 
visible new bands at 1630 cm-1 and 1490 cm-1 and 1400 cm-1 (Fig. 3-5B) are the results of 
vibrations of various bonds in the adsorbates associated with benzene rings, double bonds, and 
heteroatoms in the functional groups. Owing to the variety of the adsorbates used and their 
complex chemistries, a more precise assignment of the bonds is not possible. Interestingly, for the 
samples obtained at 650 oC the intensity of the bands at about 1000 cm-1 increase after adsorption 
of pharmaceuticals whereas the opposite effect is revealed for the high temperature treated samples. 
While the decrease in the intensity can be caused by adsorption of organic molecules on the surface, 
an increase for SS650-E and SSWO650-E can be linked to the formation of salts on the surface 




chemistry changes, the FTIR spectra were also collected for the samples exposed to pure water 
only for the same period of time as that in the adsorption experiments. As seen from Figure 3-5, 
this treatment does not result in any changes in the spectral range between 1250 and 1700 cm-1. 
On the other hand, the intensity the band related to –OH groups decreases, especially for WO650. 
We link it to the instability of this adsorbent and dissolution of some hydroxide in water. Adsorbed 
organic molecules likely screen –OH groups and/or limit their dissolution and thus this effect is 
smaller. 
 
3.3.4 Thermal analysis result 
Valuable information about the surface reactivity and organic compounds adsorbed on the 
surface of the exhausted materials can be also derived from the analysis of the weight lost as a 
result of heat treatment in an inert atmosphere. The DTG curves measured in nitrogen for the initial 
samples, those exposed to water only (W) and after adsorption of pharmaceuticals (E) are 
presented in Fig. 3-6. As seen, exposure to water resulted in hydration of the samples, especially 
those obtained at low temperature and those obtained from waste oil. This is the result of formation 
of hydroxides and hydrated salts, which decompose during heating. After adsorption of 
pharmaceuticals more complex weigh loss patterns are revealed. The first peak centered at about 
110 oC represents removal of physically adsorbed water. Then for the initial samples the 
continuous small weight loss between 200 and 600 oC is assigned to the decomposition of various 
inorganic salts as carbonates and oxy(hydroxides). Although for the sample exposed to 




capacity, a common feature is the presence of peaks of various intensities at about 180 oC, 250 oC, 
and 400 oC. For the WO950-E also the weight loss between 500 and 800 oC is clearly visible. The  
 
Figure 3-6 DTG curves for the initial, water exposed (-W), and exhausted (-E, after adsorption 





peaks at these temperatures are also revealed for the other oil sludge derived samples but since the 
samples were exposed only to 650 oC their interpretation is rather problematic. The most 
heterogeneous surface and the most pronounced changes in the weight loss are observed for 
WO650, WO950 and SSWO950 and, as discussed above, these samples exhibit relatively high 
capacities for antibiotics with acidic groups and those with large sizes of the molecules. The TA 
results support the hypothesis that the addition of sewage sludge favors the adsorption of smaller 
molecular weight species, which are desorbed at lower temperatures. This is consistent with 
smaller pores introduced in the sewage sludge component. For the water-stable SS950 and 
SSWO950 samples a broad peak between 200 and 600 oC is found representing 
removal/decomposition of various antibiotics adsorbed, likely via physical adsorption. That weight 
loss pattern for WO950-E is much more complex. A few maxima are noticed on the weight loss 
with the higher temperature desorption range. This supports formation of salts on this material 
with the involvement of an inorganic matter.  
 
3.3.5 Environmental Implications  
Industrial and municipal sludge and other industrial wastes can be used as precursors for 
new materials, thus environmental pollution caused by accumulation of those wastes will be 
eliminated. The materials obtained will create a new class of inexpensive adsorbents for the 
removal of not only pharmaceuticals but also metals, dyes, and other contaminants from water. 
This would certainly lead to a healthier, more sustainable environment. Applications of these 






Even though the systems presented in this study are very complex, the objective of this 
research was accomplished by demonstrating the high potential of the sludge derived materials as 
adsorbents of trace amounts of antibiotics. On their surface, significant quantities of antibiotics of 
various topographies and chemistries were retained. Physical adsorption, reactive adsorption and 
specific polar interactions were indicated as the mechanisms of the separation process. The variety 
of antibiotics was adsorbed on the surface of the sludge derived adsorbents owing to its high degree 
of heterogeneity linked to the pores of specific sizes of hydrophobic nature and existence of the 
reactive/polar phase dispersed in the pore walls. It ensured not only the accessibility of the high-
energy adsorption centers but also the possibility of precipitation of surface reaction products 
within the pore system. Further studies on model systems are needed to identify the adsorption 
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Chapter 4 Leaching of heavy metals from sewage sludge/fish waste 










Municipal sewage sludge, often referred to as biosolids, is one of the byproduct wastes 
produced by wastewater treatment plants in large quantities. It is estimated that the United States 
and the European Union each produces about 10 million tons of dry sewage sludge annually [5, 
131]. China adds another 6 million tons of dry sludge per year [6], and this number is likely to 
grow in the near future. Sewage sludge typically contains high levels of nutrients, metals, persistent 
organic pollutants, pathogens, etc. [1-3], and requires proper treatment and disposal.  
Like sewage sludge, fish waste is also being generated in large quantities. The world fish 
production in 2010 was 114.5 million tons, and up to 50% ended up as waste [7]. Over the past 
years, commercial fish waste was usually landfilled or discharged as processing effluents into 
water bodies. The processing effluents are highly likely to produce adverse effects on the receiving 
coastal and marine environments [132].  
Traditional methods to dispose of sewage sludge such as utilization as fertilizer, 
incineration, and landfilling have been limited by either regulations or cost [1]. Carbonization of 
sludge to produce adsorbents becomes an especially promising approach at present because of the 
potential to valorize sewage sludge. There has been a wealth of research showing that sewage 
sludge based adsorbents (SBAs) are capable of removing contaminants such as Cu2+, Hg+, Cd2+, 
dyes, phenolic compounds and pharmaceuticals from water [1, 63, 133]. 
In order to further diversify the surface features of SBAs and explore more options of waste 
reclamation, fish waste which is a source of carbonaceous material and elements such as P, Ca, 




secondary component to produce a new type of SBAs. It has been proven that these SBAs with 
fish as additives work effectively in removing pharmaceuticals such as carbamazepine, 
sulfamethoxazole and trimethoprim from water [34, 35]. 
Before the practical applications of SBAs in wastewater or drinking water treatment, 
however, it is necessary to evaluate whether SBAs can cause secondary pollution. There exists a 
general fear of the use of sewage sludge derived materials in drinking water treatment due to the 
presence of toxic biological and chemical components in the raw materials. The presence of heavy 
metals in the raw sludge is one of the main issues potentially preventing applications of SBAs 
[134]. While all of the toxic organic compounds and pathogens could be destroyed during pyrolysis 
(up to 900 °C), heavy metals still remain. Although thermal treatment can significantly stabilize 
heavy metals in sludge [135, 136], there is evidence that some of the metals such as Cr and Cu are 
leachable even after 900 °C treatment [133, 136]. Acid washing may be used as a method to reduce 
the leachable components and to increase the BET surface areas and porosity of SBAs by 
dissolving basic oxides [1, 133].  
Thus, the purpose of this paper is to investigate the heavy metal leaching behavior of sludge 
and fish waste based adsorbents, and to evaluate acid washing on minimizing metal leaching while 
enhancing the capacity of adsorption for organic pollutants. 
Three organic compounds (atenolol (ATN), carbamazepine (CBZ), and N-
nitrosomethylethylamine (NMEA)) were selected to represent the potential target contaminants in 
order to evaluate the adsorption performance of the SBAs. ATN and CBZ are pharmaceutical 




to nitrosamines, a family of potent carcinogens and widespread disinfection by-products [138] 
included in the USEPA’s second Unregulated Contaminant Monitoring Rule [139].  
 
4.2 Materials and Methods 
4.2.1 Materials 
The adsorbents were prepared by pyrolysis of dewatered sewage sludge (SS) from Wards 
Island Water Pollution Control Plant in New York, or fish waste (F) from a seafood market in New 
Jersey, or their mixtures (ratio of 75:25 and 90:10 based on dry mass), at 650 °C or 950 °C in 
nitrogen atmosphere in a horizontal furnace. The name of a composite material has the following 
format: SSf1Ff2_temp where f1 and f2 refer to the fraction (in percentage) of the two end-members, 
SS and F, respectively, and temp refers to the pyrolysis temperature. For the sewage sludge or fish 
waste only adsorbents they are simply named SS_temp or F_temp. Trace metal grade acid was 
purchased from Fisher Scientific. 
 
4.2.2 Acid washing after carbonization 
Both hydrochloric acid and acetic acid were tested to investigate the effects of strong and 
weak acid washing on material properties. Hydrochloric acid washing was done by mixing SBAs 
and 1N HCl with the solid to liquid ratio of 1:10 and shaking the mixture on an orbital shaker for 
2 hours. For weak acid wash, the materials were washed with diluted acetic acid (pH=2.88, solid 
to liquid ratio of 1:5) for 2~3 times (18 hours each) until pH dropped to about 7. The acid wash 
was followed by 3 times of pure water (Milli-Q) wash (2 hours each). At the end, the solids were 





4.2.3 Characterization of SBAs 
Textural characterization was carried out using nitrogen adsorption-desorption isotherms 
(ASAP 2010, Micromeritics) at -196 °C. The isotherms were used to calculate the specific surface 
areas, micropore volumes, mesopore volumes, total pore volumes, and pore size distributions. The 
latter was determined using the BJH method [35]. Composition of the sludge composites was 
determined by X-ray diffraction (XRD) and X-ray fluorescence (XRF). XRD data was collected 
on a Rigaku D/max X-ray Diffractometer, operated at 40 kV tension and 100 mA current to 
produce CuK radiation at 1.5418 Å. Scans were taken between 10° and 90° 2 at 0.02° step size 
at 0.03 s/step.  Mineral phases were identified using HighScore Plus software. XRF measurement 
was carried out with a Rigaku ZSX Primus II X-ray Fluorescence Spectrometer. FTIR analysis 
was performed on Nicolet iS50 FT-IR Spectrometer (Thermo Fisher Scientific). 
 
4.2.4 Leaching test 
The following fluids were used to extract the SBAs: 1) pure water (18.2 MΩ Milli-Q), 2) 
NYC tap water, and 3) extraction fluid (acetic acid, pH 2.88) of the standard Toxicity 
Characteristic Leaching Procedure (TCLP) [140]. The first two fluids represent different water 
sources whereas the third fluid would yield the maximum amount of leachable metals due to its 
acidity. The TCLP also serves the purpose of determining whether the SBAs would be classified 
as hazardous waste based on metal leaching. All the leaching tests were done by mixing 1 g of 
adsorbent with 20 mL of extraction solution. Following 18 hours of shaking, the mixture was 





4.2.5 Column leaching with pure water 
To mimic the metal leaching behavior under dynamic flow through conditions (e.g., packed 
filter) column leaching tests were also conducted for acid washed samples. Each selected adsorbent 
(0.5 g, ~0.7 mL) was packed into a 1 mL syringe of 4 mm ID, with both ends filled with glass 
wool. Ultrapure water was pumped through the column via a rotary pump at a flow rate of 0.10-
0.16 mL/min (corresponding to an empty bed contact time (EBCT) of 4.4-7 min). The effluent was 
collected with a fractional collector and analyzed for metals.  
 
4.2.6 Metal analysis 
Metals were analyzed by inductively coupled plasma – mass spectrometer (ICP-MS, Perkin 
Elmer) according to EPA standard method 200.8 [141]. The analyzed elements include Ag, Al, As, 
Ba, Be, Cd, Co, Cr, Cu, Hg, Mn, Mo, Ni, Pb, Ru, Sb, Se, Th, Tl, U, V, and Zn. Internal standard 
of Ge and Bi were used to correct instrument drift. 
 
4.2.7 Batch adsorption experiment 
Adsorption of the nitrosamine and pharmaceutical compounds from aqueous solutions was 
performed at room temperature in batch experiments. The physical properties of the compounds 
are listed in Table C1 of Appendix C. The initial concentrations of the organic compounds were 
1-100 mg/L for ATN, 0.57-57 mg/L for CBZ, and 1-60 mg/L for NMEA. Ten mL of the target 
compound solution was mixed with 0.05 g of SBA in an amber glass vial, sealed, and shaken in 




filters and diluted by proper factors. The equilibrium data were simulated using the Langmuir-
Freundlich (L-F) isotherm model [142] from which the maximum adsorption capacity was 
calculated. Non-linear regression was used to derive the fitting parameters. 
 
4.2.8 LC/MS/MS method 
ATN, CBZ and NMEA in the batch absorption experiment were analyzed by liquid 
chromatography tandem mass spectrometry (LC/MS/MS, API 4000, Applied Biosystems) with 
electrospray ionization (ESI) and multiple reaction monitoring (MRM). Separation of analytes was 
achieved using a 50×4.6 mm Eclipse plus C18 column with 1.8 μm particle size (Agilent). The 
oven temperature was kept at 35°C. Ten μL of sample was injected after 3 min equilibrium. A 
binary gradient of water (component A) and methanol (component B) was pumped at the flow rate 
of 0.4 mL/min. Both component A and B contain 0.1% formic acid for ATN and CBZ analysis, 
and 4mM ammonia formate for NMEA analysis. All the compounds were analyzed under positive 
ESI. Nitrogen was used as both the collision gas and nebulizing gas. Identification of all 
compounds was made by two MRM transitions and quantitation was made by the more abundant 
one. 
 
4.3 Results and Discussion 
4.3.1 Metal leaching before acid wash 
The levels of metals from leachates were compared to the US drinking water standard [143, 




Co, Mo, Ru and Th are not regulated in either US or EU and the results of these metals are not 
discussed here.  
Of the remaining 18 elements examined (Ag, Al, As, Ba, Be, Cd, Cr, Cu, Hg, Mn, Ni, Pb, 
Sb, Se, Tl, U, V, Zn), 10 do not exceed the US or EU drinking water standards (even with acetic 
acid leaching) so only those exceeded the standards are presented in Table 4-1 below (the full 
results can be found in Table C2 in Appendix C). Of those eight elements, As, Mn and Ni do not 
exceed the US or EU standards during either DI or tap water leaching in any of the materials 
examined (Table 4-1). Hg levels are all below the US drinking water standard of 2 µg/L but are 
slightly above the EU standard of 1 µg/L in the SS_950 sample during DI and tap water leaching. 
Likewise, Se levels are all below the US standard of 50 µg/L but are up to 3 times of the EU 
standard of 10 µg/L for the sludge only samples (Table 4-1). Pb levels are within the US or EU 
standards except for the F_950 sample where the Pb level is about 2-3 times of the standards (Table 
4-1). Sb levels in the SS_950 sample are about 3 times the standard and Sb levels in the 
SS90F10_950 sample are slightly above the standard during DI and tap water leaching.  
Al levels are extremely low (below detection in most cases) in the fish waste only samples 
even with acetic acid leaching. In contrast, Al concentrations in the sludge containing materials 
are rather high during DI and tap water leaching, up to 25 times the drinking water standard of 200 
µg/L (Table 4-1). Al in the sludge may come from the alum flocculant often used during 
wastewater treatment [145].  Al-phosphates, evident in the XRD patterns of the sludge composites 
(Figure C1 in Appendix C), are insoluble at neutral pH but soluble at alkaline conditions, such as 
those resulting from the dissolution of alkalilne phases [146]. The pH of the DI and tap water 




Appendix C). The high pH is the result of Ca leached from alkaline minerals calcite, clinopyroxene 
and calcic feldspar in the composite sludge materials (Table C4 in Appendix C). The high pH of 
the composite materials would prevent their use in wastewater or drinking water treatment. 
Therefore, proper acid treatment of the composite materials is necessary to neutralize the materials. 
Table 4-1 Leaching of unwashed composite materials by DI water, tap water, and TCLP fluid. 
Concentrations are in µg/L. Values above the drinking water standards are highlighted in red. 




EU 200 10 1 50 20 10 5 10 
USA 200 10 2 50 - 15 6 50 
TCLP 
limit 
- 5000 200 - - 5,000 -  1000 
SS_650 DI 1461.0 0.0 0.6 1.9 2.6 8.4 5.0 11.2 
TAP 1390.1 0.0 0.5 1.9 2.6 7.2 5.0 11.9 
TCLP 48.4 0.2 0.6 99.1 8.5 3.7 13.9 2.1 
SS_950 DI 3069.2 1.5 1.4 2.6 0.0 3.5 14.5 23.2 
TAP 2825.9 1.3 1.2 2.5 0.0 3.5 14.1 27.5 
TCLP 5.7 9.5 0.3 815.2 7.6 3.5 10.2 2.7 
SS90F10_650 DI 2626.3 0.1 0.4 2.0 3.3 5.4 2.8 2.8 
TAP 4574.3 0.1 0.4 1.9 2.8 4.9 3.1 3.1 
TCLP 82.0 11.4 0.1 1477.4 56.7 7.4 6.7 1.3 
SS90F10_950 DI 3803.9 0.0 1.0 2.2 0.9 4.0 7.4 2.4 
TAP 3777.0 0.0 1.0 2.1 0.7 3.9 7.5 2.5 
TCLP 5.9 10.6 0.2 4196.0 64.2 3.5 28.6 0.0 
SS75F25_650 DI 3229.7 0.0 0.3 2.0 1.0 4.0 2.1 1.6 
TAP 3390.5 0.0 0.3 2.0 1.1 4.0 2.0 1.4 
TCLP 21.0 3.8 0.1 610.7 18.9 4.8 4.0 3.0 
SS75F25_950 DI 3730.5 0.0 0.8 2.1 1.1 3.9 3.1 1.3 
TAP 3362.7 0.0 0.9 2.0 0.7 3.7 3.4 0.7 
TCLP 0.0 8.0 0.2 1545.0 39.3 3.5 11.8 0.0 
F_650 DI 0.0 0.4 0.1 3.2 9.0 3.5 1.2 3.8 
TAP 6.0 0.5 0.1 2.2 8.6 3.5 1.2 4.3 
TCLP 0.0 0.0 0.1 1.9 15.5 4.8 1.2 1.1 
F_950 DI 0.0 0.7 0.1 2.2 15.4 33.7 1.2 5.2 
TAP 0.0 0.8 0.1 2.2 15.7 28.5 1.2 5.2 




In acetic acid leaching, As, Mn and Sb exceeded the drinking water standards while the 
remaining elements were within their allowable limits (if any). As levels are slightly above the 
drinking water standard in the SS90F10 samples whereas the Sb levels are as high as 5 times the 
drinking water standard. Mn levels in sludge containing samples all exceed the drinking water 
standard (up to 80 times). Mn is present in clinopyroxene and in phosphates such as 
hydroxyapatite/chlorapatite, which are present according to XRD results (Figure C1 in Appendix 
C). Clinopyroxene, in particular, is soluble under acidic conditions. None of the metals exceeded 
the TCLP limits (if any).  
 
4.3.2 Metal leaching after acid wash 
4.3.2.1 HCl wash 
Hydrochloric acid was first tried to neutralize the composite materials. HCl with 
concentration from 0.1 N up to 5 N was used to wash SBAs in many studies [1, 133, 147-149] for 
the purpose of decreasing ash content and increasing porosity and specific surface area. HCl wash 
may also enhance metal uptake because H+ could replace exchangeable cations and thus increase 
cation exchange capacity [150]. When the HCl washed, DI rinsed and oven dried SBAs were 
subject to DI water leaching, the pH of the resultant leachate is around 3 for most of the materials 
except for the fish waste only samples where the pH is around 6 (Table C3 in Appendix C). More 
metals (Ni, Cu, Zn, Pb) which were not shown in the previous leaching test of unwashed materials 
were released in concentrations far over the allowable limits (Table C5 in Appendix C). The low 
equilibrium pH (~3) of water extraction may have contributed to the rising in released metals as 




here destructed relatively stable minerals formed during pyrolysis and resulted in the release of 
more metals. In fact, the HCl wash resulted in 30-50% weight loss of the raw materials, indicating 
that a significant amount of the mineral phases was dissolved. As such, HCl is not recommended 
for the pre-treatment of the SBAs examined here.  
 
4.3.2.2 Weak acid wash 
In contrast to the significant material loss (30-50%) with HCl wash, the weak acid (acetic 
acid) wash only led to about 10% material loss at the most. When the acetic acid washed, DI rinsed, 
and oven dried SBAs were subject to DI and tap water leaching, the pH of the resultant leachate is 
between 6 and 8 except for the fish waste only materials where the pH is still above 9.5 (Table C3 
in Appendix C).  
The metal leaching behavior of the weak acid washed SS75F25_650, SS75F25_950, 
SS90F10_650, and SS90F10_950 materials are examined here because 1) fish waste was only 
considered as a secondary component, and 2) previous studies showed that these composite 
materials have the best adsorption properties.  
When the weak acid-washed samples were subject to DI or tap water leaching, only four 
(As, Mn, Ni, and Sb) out of the 22 elements in the leachate exceeded the drinking water standards 
(see Table 4-2 below, full results in Table C6 in Appendix C). As in the leachate of the 
SS90F10_950 and SS75F25_950 samples is about twice the drinking water standard, whereas As 
in the SS90F10_650 and SS75F25_650 samples is below the limit. Mn in the leachate of the 




standard whereas Mn in SS75F25_650 is below the standard (Table 4-2). Mn levels in the leachate 
of the weak acid washed samples are much higher than those in the unwashed samples. This is 
likely due to the increased solubility of Mn-bearing minerals clinopyroxene and chloroapatite as 
pH decreases. Only Ni in the leachate of the SS90F10_950 sample exceeded the EU standard 
(~twice). Sb in the leachate of all four samples exceeded the drinking water standard (up to four 
times).  
 
Table 4-2 Leaching of metals from acid washed composite materials (in µg/L). Be, Ru, Th, Tl, U 
were all below detection and therefore are not tabulated. Metals in the Milli-Q (DI) and tap water 
(TAP) leachate that exceeded MCLs are highlighted in red. 




EU  200 10 1 50 20 10 5 10 
US  200 10 2 50 - 15 6 50 
TCLP 
limit  
- 5000 200 - - 5,000  - 1000 
SS90F10_650 DI 10.9±2.2 6.5±0.1 0.18±0.03 102.0±1.5 2.22±0.03 0.53±0.23 12.5±0.2 19.8±0.3 
TAP 10.4±2.8 6.9±0.2 0.15±0.01 111.6±1.2 2.6±0.2 0.10±0.17 12.9±0.2 21.2±0.7 
TCLP 144.5±11.7 24.7±0.4 0±0 1293.0±14.5 34.9±0.7 5.8±0.2 13.2±0.1 54.3±2.7 
SS90F10_950 DI 7.3±1.8 18.8±0.6 0.01±0.01 879.5±15.6 38.0±1.0 0.24±0.41 24.5±0.7 37.8±0.8 
TAP 7.9±1.7 18.5±0.6 0±0 924.0±10.4 36.9±0.4 0±0 24.7±0.5 40.9±1.5 
TCLP 45.8±2.5 40.2±0.1 0±0 3040.7±34.0 119.9±1.0 0.52±0.15 21.6±0.4 85.2±2.6 
SS75F25_650 DI 33.9±14.4 1.9±0.1 0.20±0.01 23.9±1.5 0±0 1.8±1.7 9.0±0.1 7.5±0.3 
TAP 18.8±2.3 2.13±0.02 0.17±0.02 27.5±1.2 0±0 0.10±0.16 9.3±0.2 8.0±0.2 
TCLP 20.5±2.9 12.1±0.2 0±0 637.8±29.4 9.9±0.2 1.92±0.05 10.3±0.3 31.6±0.4 
SS75F25_950 DI 7.4±1.9 16.5±0.5 0.04±0.02 263.1±9.0 8.5±0.2 0±0 22.8±0.8 34.9±1.4 
TAP 5.6±0.8 15.4±1.2 0.01±0 278.9±7.5 8.0±0.3 0±0 22.9±0.2 34.4±0.8 
TCLP 41.7±0.9 39.7±0.9 0±0 2059.6±79.1 70.8±0.9 0.25±0.24 18.1±0.6 77.4±1.2 
 
 
The TCLP extraction showed somewhat higher amounts of metals leached, especially for 




water standards. For those few elements (As, Mn, Ni, Sb, and Se) did exceed drinking water 
standards, none exceeded TCLP limits (if any).  
The most promising result obtained by the acetic acid wash was that Al content dropped 
significantly to below the drinking water standard with all three extraction fluids. This is likely 
due to the effective neutralization of the materials by the acetic acid (Table C3 in Appendix C). 
The solubility of Al oxide/hydroxide and Al-phosphate is low near neutral pH [146].  
The metal leaching behavior of the acetic acid washed SBAs was further evaluated by 
column leaching test with DI water. At the flow rate of 0.1 mL/min (EBCT of ~7 min), the effluent 
concentrations of the 5 elements exceeded drinking water standards during batch leaching tests 
(As, Mn, Ni, Sb, and Se) rapidly dropped to constant levels that are well below drinking water 
standards (Figure 4-1), for at least 2000 bed volumes (where experiments ceased).  
  The leaching behavior for Al is somewhat surprising. In batch tests, Al concentrations in 
the leachate never exceeded the drinking water standard for all four materials. This is consistent 
with the initial Al concentrations in the column effluent (Fig. 4-1). However, Al concentration 
gradually increased over time. For the SS75F25_650, SS75F25_950, and SS90F10_650 samples 
the effluent concentration reached a steady state level below the standard at ~250-500 bed volumes. 
However, the effluent Al concentration from the SS90F10_950 column slightly exceeded the 
drinking water standard until the flow rate was increased to 0.15 mL/min at 1000 bed volumes, 
where the effluent concentration dropped below the drinking water standard. The four acid-washed 
sludge composites exhibit similar Al concentrations with values of 2.45 wt. % to 3.18 wt. %, 




to the different dissolution dynamics of the Al-bearing minerals, plagioclase feldspar 
((Ca,Na)AlSi2O8) and berlinite (AlPO4), and other acid-soluble minerals such as clinopyroxene 
(Ca,Mg,Fe)2Si2O6 and calcite (CaCO3). Destabilization of these phases at pH < 4 during acid wash 
leads to an initial strong leaching of Al3+, Ca2+, and H2PO4-/HPO42-. Leached Ca slowly increased 
the alkalinity of the solution, resulting in recrystallization of berlinite as a mineral coating and 
effectively reducing the amount of Al in solution [146].  
In the batch experiments, this complex equilibration and redistribution of Al, Ca and P 
among the mineral phases is dictated by the buffering effects of Ca and phosphate species. Both 
SS75F25_950 and SS90F10_950 exhibit much stronger barringerite (Fe2P) peaks than the samples 
pyrolyzed at 650 oC, however, the difference in the effect on effluent Al concentration for sample 
SS90F10_950 in the column experiment can be explained by a combination of pyrolysis 
temperature, composition of the composite, and pH. A somewhat higher Fe concentration in 
SS90F10_950, 8.67 wt. % compared to 7.07 wt. % average concentration in the other three acid-
washed samples, coupled with phosphorus stemming from the loss in stability of 
hydroxyapatite/chlorapatite after heating above 900 oC [152], causes barringerite to effectively 
scavenge enough P from the effluent to delay the buffering effect of phosphate. Once Fe no longer 
competes with Al for P, the pH begins to rise and berlinite can recrystallize. This results in an 
initial increase in Al concentration followed by decrease and stabilization in the column 
experiments.  
This result suggests that the acetic acid washed SBAs could be potentially used in packed 











4.3.3 Characterization of SBAs before and after acetic acid wash 
For unwashed SABs with the same composition, those pyrolyzed at 950 °C usually have 
higher surface area and total pore volume than those pyrolyzed at 650 °C, which is consistent with 
previous studies [133, 153, 154]. This is especially true for the SS75F25 materials, where the 
surface area, micropore volume, and total pore volume almost doubled when the pyrolysis 
temperature increased from 650 °C to 950 °C (Figure 4-2). This is because thermally unstable 
contents would decompose and act as pore formers at high temperatures. A slight drop of 
micropore volume for SS90F10 material at 950 °C was observed. It was reported that long 
pyrolytic time at high temperature may destroy micropores in sludge based adsorbents [155]. High 
burn-off rate of initial materials would also result in a decrease in microporosity as pore widening 
would become predominant [154].  
Acid wash appeared to have positive effects on the physical properties of SBAs. Except 
for SS90F10_650, the other three adsorbents all have their pore volume and surface area increased 
by acid wash. The acid wash could remove the tarry residues which may block the accesses to 
pores. Further, basic oxides such as CaO could be dissolved from adsorbents, generating extra 
pores [149]. Sample SS90F10_650 contains significantly less Ca, 4.88 wt. % compared to a range 
of 6.1 to 6.9 wt. % in the other acid-washed samples. This supports the hypothesis that micropores 
were transformed into mesopores through dissolution induced by acid wash, thus decreasing 







Figure 4-2 Surface area and pore volume of SABs before (A) and after (B) acetic acid wash. 
“_W” indicates acid wash. 
 
The pore size distribution (Figure 4-3) shows that mesopores contribute to most of the total 
pore volume in the SBAs. Acetic acid wash has significantly increased the volumes of both 






Figure 4-3 BJH Pore size distribution 
 
 
4.3.4 Batch absorption before and after acetic acid wash  
SS75F25_650 was selected as the representative material to evaluate the absorption 
capacity before and after acetic acid wash. Figure 4-4 shows the adsorption isotherms of ATN, 
CBZ and NMEA with both the experimental and simulated (L-F model) data. The observed and 
simulated maximum adsorption capacities for each compound are presented in Figure 4-5. Since 
the input concentrations were different due to solubility limitations, the removal efficiencies (%) 




Figure 4-4 shows that acid wash has significantly increased the adsorption capacity of the 
material. After acid wash the observed maximum adsorption increased from 3.37 to 8.18 mg/g for 
ATN, from 2.19 to 4.06 mg/g for CBZ, and from 0.41 to 2.12 mg/g for NMEA. Similar trends 
could be found for the simulated maximum adsorption and removal efficiencies (Figure 4-5). This 
could be primarily due to the increased surface area and pore volumes. Acid wash may also have 
increased the ion exchange capacity of the material by replacing metals with H+. In addition, 
solution pH and the pKa values of adsorbates may be an important factor affecting the adsorption. 
The pH for solutions of acid washed materials is around 8.0-8.7, while that of the unwashed 
material is around 11.3. 
Since all the three compounds have a molecular size smaller than 20 Å, they all have accesses to 
the micropores which should be the high-energy adsorption center for physical adsorption. In 
addition to micropores, in SBAs it is very likely that mesopore which is predominant by sludge 
derived minerals plays an important role in adsorption [63]. The larger polar surface may also 











Figure 4-5 Observed and simulated adsorption capacity and removal efficiency. 
Overall, the adsorption capacities of the three compounds increased in the order of NMEA, 
CBZ and ATN. In general, nitrosamines are all difficult to remove by adsorption to activated 
carbon due to its low Kow value [138]. It was also reported as zero adsorption by 4 types of zeolites 
with different hydrophobicities [156]. ATN was reported to be adsorbed at the amount of 10 mg/g 
by natural zeolite [157] and up to 100 mg/g by powdered activated carbon [158]. For CBZ, the 
reported amount is about 0.14 mg/g by modified zeolite [159] and above 40 mg/g by GAC [160].  
NMEA is the smallest molecule of the three and can enter micropores easily. However, the 




controlling factor in the current adsorption process. The poor adsorption is probably because 
NMEA is neutral (pka of -3.39) under the experimental condition and very hydrophilic (logKow of 
-0.15). According to literature, hydrophobicity plays an important role in adsorption of 
nitrosamines by both zeolite and GAC [156, 161, 162]. The adsorbent SS75F25_650 contains 
about 25% carbon. The low logKow value makes it thermodynamically less favorable for NMEA 
to expulse from water phase onto the adsorbent surface.  
CBZ (pKa<1, 13.9) also existed as neutral form under solution pH. However, it is much 
more hydrophobic (logKow of 1.51) than NMEA (logKow of -0.15), which may contribute to the 
hydrophobic interaction with carbon contents in the material. The benzene rings in the structure of 
carbamazepine may also be involved in the cation-π interaction with varieties of minerals on the 
surface of adsorbent [163].  
At the solution pH of 8.7 (washed adsorbent), 89% of ATN (pKa of 9.6) is protonated at 
the basic amine group, whereas 98% is neutral at pH of 11.3 (unwashed adsorbent). The positive 
charges could help ATN molecules get close to the adsorbent’s surface because of the original 
material’s basic nature (pHPZC of 9-10) [35].  Elemental analysis indicates the adsorbent consists 
of 6-8% Ca, 2.5% Mg and 6% Fe. The minerals presented in the adsorbent could be involved in 
the cation exchange reaction with positively charged ATN, not only in the micropores but also 
mesopores. Thus, the acid washed material exhibited a much higher adsorption ability against ATN 
than that of unwashed adsorbent. ATN also has a much larger polar surface area (Table C1 in 
Appendix C) and more functional groups than NMEA and CBZ, which may help to interact with 






The composite materials obtained from the pyrolysis of sewage sludge and fish waste had 
high pH and some metals (Al in particular) were leached out at levels above the maximum 
contaminant levels (MCLs, or drinking water standards). Wash the composite materials with acetic 
acid (pH 2.88) effectively neutralized the materials and significantly reduced metal leaching, with 
only 5 metals exceeded their MCLs during batch leaching tests. When column leaching tests were 
conducted with an empty-bed contact time (EBCT) of ~5 min (i.e., similar to conditions used in 
packed carbon filters), the concentrations of all the 5 metals dropped to below their respective 
MCLs within 10 bed volumes. Acid wash also significantly increased the surface area and pore 
volumes of the materials, and enhanced the adsorption of the three organic compounds (ATN, 




Chapter 5 Adsorption of multiple pharmaceuticals and endocrine 
disrupting compounds (EDCs) from water by sewage sludge-fish 








The global pharmaceuticals market revenue is almost one trillion dollars [164]. While there 
is no data for the total use of pharmaceuticals, it is estimated that the annual worldwide antibiotics 
consumption lies between 100,000 and 200,000 tons [165]. Some of the pharmaceuticals are used 
as human medication while others, especially antimicrobials, are used in animal husbandry for 
veterinary purposes or as growth promoters, particularly in intensive livestock farming [166]. 
Many pharmaceuticals undergo structure changes in the bodies of human and animals, but others 
are only moderately or poorly metabolized and excreted. For example, 21% of the oxytetracycline 
by sheep and 17-75% of chlortetracycline by young bulls (orally feed) were excreted in the form 
of their parent compounds [167]. It was also reported that up to 10% of ibuprofen, 76% of 
gemfibrozil, 31% of carbamazepine, 10% of naproxene, 30% of sulfamethoxazole and 43% of 
trimethoprim are excreted in the free form by human [168, 169]. Some of the human metabolized 
compounds such as sulfonamides could even retransform to their parent forms in surface water 
[170, 171]. 
Municipal and hospital wastewater usually contain high concentrations of pharmaceuticals. 
However, the removal efficiencies of pharmaceuticals by wastewater treatment plants (WWTPs) 
vary significantly depending on compounds and treatment methods. It has been widely reported 
that conventional biological treatment processes are usually ineffective for many of these 
compounds [172-175]. In some cases, the effluent may even yield higher concentrations of 
pharmaceuticals than influent [172, 176], which may be due to the dissociation of these compounds 
from bile and feces during biological treatment [177]. These organic contaminants have entered 




of inefficiently treated wastewater. As a result, pharmaceuticals are present ubiquitously in soils, 
surface and ground waters, and even drinking water nowadays [137, 178].  
The information about the effects of pharmaceuticals on organisms in the aquatic and 
terrestrial environment is still limited. However, it has been demonstrated that blue-green algae 
are sensitive to trace amount of antibiotics and would be inhibited at the level of a few µg/L [179]. 
The microbial populations and communities would be affected by chronic exposure to 
environmentally relevant concentrations, in terms of reproduction [180]. The greater concern of 
pharmaceutical contamination is the potential development of antibiotic resistant bacteria (ARB) 
and antibiotic resistant genes (ARGs). Antibiotic resistances may primarily result from the 
excreted bacteria in patients and animals, and can be easily transferred across different species of 
bacteria (horizontal gene transfer). There are conflicting evidence about whether WWTPs would 
increase the concentrations of ARB and/or ARGs in effluent comparing to raw sewage or the 
reverse [181-184], but analyses showed that the majority of the ARGs and ARB coming into the 
WWTPs might eventually present in the sludge [183]. Thus the traditional disposal pathway of 
biosludge from WWTPs such as landfill and agricultural application would be a significant source 
of ARB and ARGs into the environment [185].  
Sewage sludge is one of the byproducts of activated sludge process. It is produced in 
abundant quantity and is rising accompanied with growing population and amount of processed 
wastewater. Because of the negative effects of traditional methods to dispose of sewage sludge, 
scholars have been searching for an alternate pathway. Pyrolyzing the sewage sludge to produce 
porous adsorbents has a promising prospect. Their adsorption performance against Hg2+ [186], 




the sewage sludge was mixed with fish waste to further add diversities to the surface features of 
adsorbents. The fish bone and scales have been proven effective adsorbents against metals and 
dyes [189, 190]. Similar to sewage sludge, fish waste is another type of potential resource which 
is being discharged at considerable quantities annually. Currently, the commercial fish waste was 
usually either landfilled or discharged into water bodies as processing effluent. The effluent which 
is high in BOD (biological oxygen demand), COD (chemical oxygen demand), TSS (total 
suspended solid) and fat-oil-grease could very likely produce adverse effects on the receiving 
environments [10].  Most of current technologies to reutilize fish waste are either not economically 
attractive or odoriferous [7]. In this regard, pyrolysis together with sewage sludge can be an 
alternative.  
Thus, the main objective of this study is to investigate the adsorption performance of the 
newly developed sewage sludge-fish waste adsorbents on removing multiple pharmaceuticals and 
endocrine disrupting compounds (EDCs) from water. It was found that 11 pharmaceuticals and 
EDCs were frequently detected in 19 U.S. water utilities [137]. Eight (atenolol, atrazine, 
carbamazepine, gemfibrozil, naproxen, phenytoin, sulfamethoxazole, and trimethoprim) of the 11 
compounds were examined here since they can be analyzed simultaneously with one method.  
Typically, batch equilibrium tests (12-24 hours) with high input sorbate concentrations are 
performed in order to quickly assess the maximum adsorption capacity of an adsorbent. High input 
concentrations are needed to ensure that the amount remaining in the aqueous phase after 
adsorption could still be detected. A constant critique of such an approach is that the concentrations 
used are unrealistically high and therefore the results are of little use in predicting real flow through 




would be an ideal choice but such tests often require a large volume of solution and long duration 
(e.g., weeks) to reach full breakthrough (saturation). A secondary objective of the study is therefore 
to compare adsorption capacities determined from batch equilibrium tests to those obtained from 
rapid flow through column tests. A pilot scale column test was also performed in a drinking water 
treatment plant with real source water to evaluate the performance of the composite material.  
  
5.2 Materials and Methods 
5.2.1 Adsorbents 
The detailed method to prepare adsorbents was described previously [35]. Briefly, 
anaerobically digested sewage sludge from a wastewater treatment plant in New York City and 
fish waste from a local fish market in New Jersey were dried and grounded individually or as 
homogeneous mixtures in the ratio of 90:10 or 75:25 (sludge:fish waste, by dry weight). Then the 
mixtures were carbonized in a horizontal furnace under nitrogen atmosphere at the temperature of 
650 °C or 950 °C. The materials are finally referred to as SS, F and SSF based on their composition, 
followed by 650 or 950 reflecting the pyrolysis temperature. 
 
5.2.2 Acid wash of sludge based adsorbents  
Acid wash may be a method to cut down the leachable components in sludge based 
adsorbents while increasing the BET surface area and porosity and hence the adsorption capacities. 
A preliminary study indicated that HCl wash would destroy the crystalline structure within the 
adsorbent and result in leaching of heavy metals, so in this work weak acid (acetic acid) was 




ratio of 1:5 for 18 hours at room temperature for 2~3 times until the solution pH dropped to about 
7. The materials were then washed by DI water with the same solid to liquid ratio for 3 times (2 
hours each), and dried in an oven for future use.  
 
5.2.3 Batch adsorption experiment 
Both acid washed and unwashed materials were evaluated in batch adsorption experiments. 
A mixture solution containing the 8 compounds (atenolol, atrazine, carbamazepine, gemfibrozil, 
naproxen, phenytoin, sulfamethoxazole, and trimethoprim) was prepared. The physical properties 
of the compounds are summarized in Table D1 in Appendix D. Ten mL of mixture solution of 
various concentrations (from 1 mg/L to 100 mg/L) was mixed with 0.05 g of an adsorbent in an 
amber glass vial at room temperature. Triplicates were prepared at each concentration. The sample 
vials were sealed and shaken for 18 hours for isotherm studies. A previous kinetics study indicated 
that the time is sufficient to achieve equilibrium [191]. After filtration and proper dilution, the 
equilibrium concentrations (Ce) of adsorbates in the liquid phase were analyzed using liquid 
chromatography-tandem mass spectrometry (LC/MS/MS). The equilibrium data were simulated 
using the Langmuir-Freundlich (L-F) isotherm model [192] from which the maximum adsorption 
capacity was calculated. Non-linear regression was used to derive the fitting parameters. The pH 
of the solution at equilibrium was also measured.  
 
5.2.4 Column transport experiment 
Based on the performance in batch adsorption experiments, SS90F10_950 and 




columns were prepared by packing 0.5 g adsorbent (~0.7 mL) into a mini-column of 4 mm ID, 
with both ends filled with glass wool. Influent solution with the 8 compounds (1 mg/L each) was 
pumped through the columns by a peristaltic pump at a flow rate of 0.15 mL/min (corresponding 
to an empty bed contact time (EBCT) of 4.7 min). The effluent was collected with a fraction 
collector and analyzed using LC/MS/MS, described below. The effluent concentrations were 
plotted over time to obtain the so-called breakthrough curves (BTCs), and the final adsorbed 
amount for each compound was calculated by integrating its BTC using the software OriginPro.   
 
5.2.5 Field Experiment 
The source water of the Little Falls Water Treatment Plant in New Jersey (Passaic River) 
contains pharmaceuticals and EDCs and hence the Plant was selected to conduct the large size 
column experiments (with the SS90F10_950 material). The field tests were carried out from Oct 
29th to Dec 4th 2015 in the pump house using the raw water without any pre-treatment. The acid 
washed adsorbent SS90F10_950 was filled into duplicate glass columns with i.d. of 4.8 cm and 
length of 30 cm. Guard columns filled with glass wools were employed to remove particulates in 
the feeding water. The effluent was sampled every day and influent was sampled twice a week. 
All of the samples were preserved with sodium omadine and stored at 4 °C after sampling. Samples 
were analyzed by online SPE coupled with LC-MS-MS at Eurofins Eaton Analytical laboratory 





5.2.6 LC/MS/MS method 
All the compounds except samples from field experiment were analyzed by LC/MS/MS 
(API 4000, Applied Biosystems) with ESI and MRM in our own laboratory. Separation of analytes 
was achieved using a 50×4.6 mm Eclipse plus C18 column with 1.8 μm particle size (Agilent). 
Oven temperature was kept at 35°C. Ten μL sample was injected after 3 min equilibration. A 
binary gradient of water (component A) and methanol (component B) both consisting of 0.1% 
formic acid was pumped at a flow rate of 0.4 mL/min. Gemfibrozil and naproxen were analyzed 
under negative ESI while all the other compounds were under positive ESI. Nitrogen was used as 
both the collision gas and nebulizing gas. Identification of all compounds was made by two MRM 
transitions and quantitation was made by the more abundant one. 
 
5.3 Results and Discussion 
5.3.1 Material properties 
The micromeritics results are summarized in Table 5-1. Before the acid wash, the 
carbonized sludge materials have BET surface area ranging from 39 to 86 m2/g, where materials 
produced at 950 oC have higher BET surface area than those produced at 650 oC. This is consistent 
with other reports that higher pyrolysis temperature will endow adsorbents with higher surface 
area [1].  The micropores account for a small portion of the porosity which is similar to other 
sludge based adsorbents [63]. The 950 °C pyrolytic temperature also generated higher pore 
volumes. Typically, higher temperature would result in more micropores due to gasification of 
thermally decomposable contents [154]. This is true for the SS75F25 material, but for SS90F10 




pyrolytic time at high temperature may destroy micropores in sludge based adsorbents [155]. 
Microporosity would decrease if the burn-off rate exceeds a certain threshold value [154]. Another 
reason could be the limited carbon phase in sludge based materials and thus fewer pore formers 
[35].  
Table 5-1 BET surface area and pore volume of unwashed and acid washed materials. 














Unwashed SS90F10_650 74 0.039 0.057 0.096 
SS90F10_950 77 0.035 0.090 0.13 
SS75F25_650 39 0.018 0.052 0.069 
SS75F25_950 86 0.038 0.095 0.13 
Acid washed SS90F10_650_W 48 0.024 0.075 0.099 
SS90F10_950_W 132 0.056 0.11 0.17 
SS75F25_650_W 90 0.045 0.068 0.11 
SS75F25_950_W 137 0.058 0.12 0.18 
 
Acetic acid wash has produced noteworthy positive effects. Both BET surface area and 
pore volumes have been enlarged after acid wash except in one case (SS90F10_650). The acid 
wash could remove the tarry residues that may block the accesses to pores. Another reason is that 
basic oxides such as CaO formed during pyrolysis could be dissolved, generating extra pores [149]. 
The surface area of SS90F10_650 decreased after acid wash, concurrent with a decrease in 
micropore volume and an increase in mesopore volume (Table 5-1), suggesting that the acid may 
have destroyed some microspores and transformed them into mesopores and thus led to a reduction 
in surface area. For all the other samples both the micropore volume and mesopore volume 




5.3.2 Batch adsorption experiment 
5.3.2.1 Unwashed materials 
Examples of selected adsorption isotherms of unwashed materials (SS_950, SS90F10_950, 
SS75F25_950 and F_950) are presented in Figure 5-1. At low contaminant loadings, the 
adsorbents could remove more than 99% of the compounds. As such, it is necessary to apply 
concentrations much higher than environmentally relevant levels to examine the maximum 
adsorption capacities. For most of the compounds the uptake by the adsorbents increased as the 
input concentrations increased. However, it is observed that for some compounds (e.g., CBZ and 
SMZ) the amount adsorbed started to decrease at higher contaminant loadings, suggesting 
competitive adsorption among the compounds.  
The observed adsorption capacities for each compound and their sum at the highest 
contaminant loading are presented in Figure 5-2. TMP, ATN, and SMX have equal initial 
concentrations (100 mg/L at the highest loading), while the initial concentrations of the other 
compounds were lower due to solubility limitations. Therefore, the removal efficiencies of all 
compounds at the highest contaminant loading were also calculated and presented in Figure 5-3. 
The observed total adsorption capacities of the materials varied slightly (20-23 mg/g) with the 
addition of fish component. However, the addition of fish waste enabled the adsorbent to uptake 
more types of contaminants. As shown in Figures 5-2 and 5-3, GFB, NAP, PHT and SMX were 
poorly removed by the sludge only adsorbents, but their adsorption was enhanced as a small 
amount of fish waste was added. This is probably because the fish waste could bring in more 





Figure 5-1 Examples of adsorption isotherms of unwashed materials. 
 
 
Figure 5-2 Adsorption on unwashed materials at the highest contaminant loading. Triplicate tests 





Figure 5-3 Removal efficiency of unwashed adsorbents at the highest contaminant loading. 
 
5.3.2.2 Acid washed material 
Figure 5-4 shows the isotherms of some selected compounds absorbed by acid washed 
materials. Unlike the adsorption on the unwashed materials, the phenomenon that the uptake of 
compounds decreased at high contaminant loadings was not observed here. This is probably 
because the competition among compounds was not prominent due to the improved adsorption 
capacity. The shape of isotherm and the fitting parameters obtained by L-F model indicate that the 





Figure 5-4 Examples of adsorption isotherms of acid washed materials. 
 
When the materials with different pyrolysis temperatures are compared, those obtained at 
950 °C have almost twice the adsorption capacity (~ 40 mg/g) as the materials obtained at 650 °C 
(Figure 5-5). Similar results were also obtained in previous reports [34, 35]. Generally speaking, 
higher pyrolysis temperatures would result in higher surface area and porosity (almost doubled 
from 650 to 950 oC for the SS90F10 and SS75F25 materials, see Table 5-1) which would 
apparently benefit adsorption. Higher pyrolysis temperatures would also lead to a higher level of 




adsorbate, and a higher degree of aromatization [35] which would attract more benzene rings in 
the target compounds through π interactions.  
The commercially available activated carbon (WVA 900) demonstrated better adsorption 
towards the pharmaceuticals and EDCs examined here, probably because of the higher surface 
area (1025 m2/g) and pore volume (0.36 and 1.24 cm3/g for micro- and total pore volume, 
respectively) [193]. Comparing to activated carbon, the acid washed SS90F10_950 and 
SS75F25_950 adsorbents exhibited about half of the maximum adsorption capacity of the 
activated carbon (Figure 5-5).  
 
 
Figure 5-5 Adsorption on acid washed materials and activated carbon (AC) at the highest 





Figure 5-6 Removal efficiency of acid washed adsorbents at the highest contaminants loading. 
 
When the unwashed and acid washed materials (SS90F10_950 and SS75F25_950) are 
compared (cf. Figure 5-2 and 5-5), the acid washed materials have almost double the adsorption 
capacity than the unwashed materials. Some compounds such as SMX and PHT which were poorly 
adsorbed previously are now removed at a higher percentage (cf. Figure 5-3 and 5-6). The 
performance enhancement could be attributed to the improvement in surface area and porosities 
from acid wash (Table 5-1).  
 
5.3.2.3 Adsorption related to the physicochemical properties of different compounds 
When looking at the removal efficiencies of individual compounds (Figures 5-3 and 5-6), 




as negative species because the carboxylic acid group is ionized under the solution pH of ~6. The 
negative charge may contribute to adsorption because it may form complexations with numerous 
cations in the mineral phase of adsorbent. More importantly, it is very hydrophobic (pKa=4.77), 
thus strong hydrophobic interactions with the carbon phase in the adsorbent are expected. Similar 
chemical properties could also be found on NAP which is also removed at a high efficiency. TMP 
has a very different chemical structure with respect to GFB. It carries positive charges (80% 
positively charged and 20% neutral) at the solution pH. The positive charges would help when 
cation exchange occurs between the analytes and materials which contain high content of Ca, Mg 
and Al. Besides, it is relatively hydrophilic (pKa=0.91) and has the largest polar surface area 
among all of the adsorbates, so interactions with the polar mineral surface of the adsorbents would 
be stronger than others.  
ATN is the other compound that carries a positive charge at solution pH. The positive 
charge would act similarly as in TMP. Besides, the presence of N–H dipoles allows the amide 
group to function as H-bond donors. It has only one amine group and the polar surface area is less 
than that of TMP (Table D1 in Appendix D), which may be the reasons for less amount of ATN 
adsorbed.  
ATZ, CBZ and PHT are all neutral compounds at the solution pH, but CBZ appears to the 
most favorably adsorbed compound, probably due to its smallest molecular size and high 
hydrophobicity.   
SMX is the least removed compound especially for unwashed materials. A previous study 




should be able to interact with the mineral phase of the adsorbents because its polar surface area 
is high (Table D1 in Appendix D). Obviously, polarity is not the only factor controlling the 
adsorption here. SMX is 72% negatively charged and 28% neutral. However, unlike GFB, the 
negative charge is on the acid amide group which is hidden in the middle of the molecular structure. 
Thus, spatial access to the negative charge by other ions/species would be limited.  
 
5.3.3 Rapid Small Scale Column Test (RSSCT) 
Acetic acid washed materials (SS90F10_950 and SS75F25_950) were selected to evaluate 
the adsorption performance in rapid small scale column test (RSSCT) and the breakthrough curves 
(BTCs) of selected compounds are presented in Figure 5-7. The empty bed contact time (EBCT) 
is 4.7 minutes. From Figure 5-7 it is observed that the duplicate columns generated very similar 
output data. The discontinuities at some parts of the BTCs were caused by the change of input 
solution (freshly made every 3 days to minimize the slow decay of the compounds in the input 
solution). With influent concentration of 1 mg/L for each compound, PHT and SMX reached full 
breakthrough (i.e., effluent concentration = input concentration) first, followed by ATZ, NAP, and 
then ATN and CBZ. Concentrations of GFB and TMP in the effluent were still well below the 
influent at the end of the experiments. In general, the order of breakthrough in RSSCT is consistent 
with the affinity determined via the batch tests, i.e., the ones with higher amounts adsorbed 
generally broke through at later times. The maximum amount adsorbed for each compound 
obtained from RSSCT is identical to or less than that obtained from the batch tests (Figure 5-8). 
This is expected because the RSSCT adsorption process might be kinetically limited (i.e., 




exception is the compound gemfibrozil, whose adsorbed amount during RSSCT increased by 
almost 5-fold with respect to the batch tests. This may be due to the faster adsorption kinetics of 
gemfibrozil, or less competition during RSSCT with respect to the batch tests. In the batch tests, 
the concentration of gemfibrozil was about 1/20 of the other ones due to its low solubility whereas 
in RSSCT all compounds have the same concentrations of 1 mg/L.  
 
Figure 5-7 Total concentration of 8 contaminants in the effluent of column transport experiment 





The overall amount of the pharmaceuticals and EDCs removed during RSSCT was about 
one half of the maximum amount adsorbed during the batch tests (Figure 5-9), despite the fact that 
the input concentrations in RSSCT (1 mg/L each) was much lower than those in the batch tests (up 
to 100 mg/L each) and the contact time during RSSCT (EBCT of ~5 min) was much shorter than 
that in the batch tests (16 hours). In order to quickly assess the maximum adsorption capacity of 
an adsorbent, batch equilibrium tests (typically 12-24 hours) with high input sorbate concentrations 
are often conducted. The high input concentrations are needed to ensure that the amount remaining 
in the aqueous phase after adsorption could still be detected. A constant critique of such an 
approach is that the concentrations used are unrealistically high and therefore the results are of 
little use in predicting real flow through applications. Column tests with more realistic input 
sorbate concentrations would be an ideal choice but such tests require a large volume of solution 
and long duration (for instance, for our RSSCT tests each 1 mL column needed over 3000 mL of 
solution and the tests lasted for 16 days to reach full breakthrough). Our results here demonstrate 
that for compounds and adsorbents similar to those tested here, the maximum adsorption capacities 
obtained from batch tests would be very relevant to the design of the experiments or the prediction 






Figure 5-8 Comparison of maximum adsorption of individual compound by acid washed materials, 
tested in batch adsorption and column transport experiment 
 
Figure 5-9 Comparison of total adsorption capacities of acid washed materials measured in batch 




5.3.4 Field Column Test 
Due to the variation in influent pressure, the EBCT fluctuated between 8 to 22 minutes. 
The experiment lasted for about one month when the columns were gradually clogged by sediment 
from source river water. Sixty-eight types of PPCPs were screened in both the influent and effluent 
and 14 were frequently detected, including Atenolol, Caffeine, Carbamazepine, Cotinine, 
Cyanazine, DEET, Diltiazem, Erythromycin, Lidocaine, Lopressor, Primidone, Sulfamethoxazole, 
TCPP and TDCPP. The BTCs of the total pharmaceuticals and EDCs, together with precipitation 
amounts, are presented in Figure 5-10. The input concentrations varied significantly (from 200 
ng/L to 1000 ng/L), and appeared to be positively correlated to the precipitation amount, likely 
due to combined sewer overflow (CSO) from wastewater treatment plants upstream of the Passaic 
River. The two duplicate columns were able to consistently remove 85-90% of the input 










Sewage sludge and fish waste based materials were tested as adsorbents to remove 
pharmaceuticals and EDCs from water. Increasing the pyrolysis temperature from 650 °C to  
950 °C almost doubled the adsorption capacities of the materials towards the pharmaceutical and 
EDCs, and dilute acetic acid wash of the materials resulted in another 2-fold increase in adsorption 
capacities. The maximum adsorption capacities for these materials ranged from 16.9 mg/g to 38.6 




adsorption capacities for these materials under rapid flow through conditions are about 50% of 
those obtained in batch equilibrium tests, demonstrating that for compounds and adsorbents similar 
to those tested here, the maximum adsorption capacities obtained from batch tests would be very 
relevant to the design of the experiments or the prediction of performances under rapid flow 
conditions. During the field experiment, 14 pharmaceutical compounds were detected in the source 
water of the Little Falls Water Treatment Plant. The large size columns were able to consistently 
remove 85-90% of the input pharmaceutical compounds and did not show any degradation of 




Chapter 6 Adsorption of aqueous nitrosamines by sewage sludge 








N-nitrosamines are a family of extremely potent carcinogens. Some nitrosamines have 
been classified as B2 carcinogens by the Integrated Risk Information System (IRIS) of the US 
Environmental Protection Agency (USEPA) and as 2A carcinogens by the World Health 
Organization's International Agency for Research on Cancer [38, 39]. Six nitrosamine disinfection 
byproducts are listed in the USEPA’s second Unregulated Contaminant Monitoring Rule (UCMR 
2) [194] and cited in USEPA’s Drinking Water Strategy as a group of contaminants to be addressed 
in the near-term. These nitrosamines include N-nitrosodiethylamine (NDEA), N-
nitrosodimethylamine (NDMA), N-nitrosodinbutylamine (NDBA), N-nitrosodinpropylamine 
(NDPA), N-nitrosomethylethylamine (NMEA), and N-nitrosopyrrolidine (NPYR).  
Nitrosamines, particularly NDMA, were detected in drinking water worldwide, [138, 195-
197]. The concentration of NDMA is typically in the low ng/L range in source and effluent of 
drinking water treatment plants, but it could be up to hundreds of ng/L occasionally [138]. In 
chloraminated raw water or wastewater effluent, this number could be above 1000 ng/L [198]. 
Moreover, NDMA may only account for a small portion of total nitrosamines, endangering the 
populations with these carcinogens. 
The primary source of nitrosamines in drinking water treatment plants is disinfection, as 
nitrosamines present in influent water could be effectively removed by biological treatment [199]. 
Currently, chloramination is increasingly applied as an alternative to chlorination because 
chloramine is much more stable and does not dissipate as rapidly as free chlorine. Despite the fact 




haloacetic acids (HAA), it has been suspected that chloramination may generate more nitrosamines 
than traditional chlorination [138]. Other processes such as ozonation, catalytic reaction on 
activated carbon and UV photolysis may also contribute minor amounts of nitrosamines.  
Removal of nitrosamines from water could be achieved by adsorption to activated carbon 
or by UV photolysis. Nitrosamines are decomposed when exposed to UV irradiation at the 
wavelength of ~230 nm and ~340 nm [200, 201]. The degradation rate is usually very fast, 
following pseudo-first-order kinetics with half-lives less than 10 minutes [200, 202]. However, 
some toxic degradation products such as methylamine, dimethylamine and N-methylformamide 
still remain in treated water [201-203]. Therefore, adsorptive removal of nitrosamines is preferable 
in this respect. Adsorption of nitrosamines by various materials has been reported. The adsorption 
by zeolite appeared to be dominated by the extent of geometric matching between adsorbate and 
adsorbent [204, 205]. The smaller compounds may favor the micropores while the bulkier ones 
would be attracted by mesopores. Activated carbon and modified activated carbon were also tested 
on the adsorption of nitrosamines [206, 207]. Besides the effects of pore size and volume, the 
surface features of adsorbents also play important roles during the adsorption. Metal impregnated 
activated carbon exhibited better performance than plain activated carbon because of the 
electrostatic attraction between the N-N=O group and cations [206]. 
Since adsorptive methods have been proved efficient, we are interested in applying 
adsorbents reclaimed from sewage sludge as alternatives to remove nitrosamines from water. 
Sewage sludge is one of the byproducts of active sludge technology in wastewater treatment 
industry. It is produced daily in abundant quantity and the amount is rising accompanied with 




traditional pathways of disposal such as landfill and conversion to fertilizers have many negative 
effects [185]. Pyrolyzing the sewage sludge to produce porous adsorbents has a promising prospect. 
Their adsorption performance against Hg2+ [186], dyes [187], phenol [25], phosphates [188] and 
antibiotics [63] have been reported.  
In this study, sewage sludge was mixed with fish waste to further improve diversities to 
the surface features of the adsorbents. The fish bone and scales have been proven effective 
adsorbents against metals and dyes [189, 190]. Similar to sewage sludge, fish waste is another type 
of potential resource which is being discharged at considerable quantities annually. Currently, 
commercial fish waste was usually either landfilled or discharged into water bodies as industrial 
effluent. The effluent which is high in BOD, COD, TSS and fat-oil-grease could very likely 
produce adverse effects on the receiving environments [10].  Most of the current technologies to 
reutilize fish waste are either not economically attractive or odoriferous [7]. In this regard, 
pyrolysis together with sewage sludge provides another option.  
 
6.2 Materials and Methods 
6.2.1 Adsorbents 
The detailed method of preparing adsorbents was described previously [35]. Briefly, 
anaerobically digested sewage sludge (from a wastewater treatment plant in New York City) and 
fish waste (from a local market in New Jersey) were dried and grounded individually or as 
homogeneous mixtures in the ratio of 90:10 or 75:25 (sludge:fish waste by dry weight). Then the 




650 °C or 950 °C. The materials are finally referred to as SS, F and SSF based on their composition, 
followed by 650 or 950 reflecting the pyrolysis temperature. 
 
6.2.2 Acid wash  
The materials were washed in the solid to liquid ratio of 1:5 with diluted acetic acid 
(pH=2.88) for 18 hours at room temperature, for 2~3 times until the solution pH dropped to about 
7. After that, it was followed by 3 times DI water wash with the same solid to liquid ratio (2 hours 
each). At the end, the solid was dried in an oven for future use. Th letter W was added to the sample 
names of the acid washed adsorbents to differentiate them from the unwashed samples.  
 
6.2.3 Batch adsorption experiment 
Both acid washed and unwashed materials were evaluated in batch adsorption experiments. 
The 6 compounds N-nitrosodiethylamine (NDEA), N-nitrosodimethylamine (NDMA), N-
nitrosodinbutylamine (NDBA), N-nitrosodinpropylamine (NDPA), N-nitrosomethylethylamine 
(NMEA), and N-nitrosopyrrolidine (NPYR) were purchased as neat compounds and prepared as a 
mixture in water. The physical properties of the compounds are summarized in Table E1 in 
Appendix E. Ten mL of a mixture solution with various concentrations (from 1 mg/L to 100 mg/L) 
was mixed with 0.05 g of an adsorbent in an amber glass vial at room temperature. Triplicates 
were prepared at each concentration. The samples were sealed and shaken for 18 hours for isotherm 
study. After filtration and proper dilution, the equilibrium concentrations (Ce) of adsorbates in the 
liquid phase were analyzed using liquid chromatography-tandem mass spectrometry (LC/MS/MS). 





6.2.4 Column transport experiment 
Based on the performance in batch adsorption experiments, SS90F10_950-W and 
SS75F25_950-W (both acid washed) were selected for the transport experiments. Duplicate 
columns were prepared. The adsorbent (0.5 g, ~0.7 mL) was packed into a mini-column of 4 mm 
ID, with both ends filled with glass wool. The influent solution with 0.5 mg/L of each compound 
was pumped through the columns via a peristaltic pump at the flow rate of 0.15 mL/min 
(corresponding to an empty bed contact time (EBCT) of 4.7 min). The effluent was collected with 
a fraction collector and analyzed with LC/MS/MS, described below.   
 
6.2.5 LC/MS/MS analysis 
The compounds were analyzed by LC/MS/MS (API 4000, Applied Biosystems) with ESI 
(electrospray ionization) and MRM (multiple reaction monitoring). Separation of analytes was 
achieved using a 50×4.6 mm Eclipse plus C18 column with 1.8 μm particle size (Agilent). Oven 
temperature was kept at 35°C. Twenty μL sample was injected after 3 min equilibration. A binary 
gradient of water (component A) and methanol (component B) both consisting 4 mM ammonia 
formate was pumped at the flow rate of 0.4 mL/min. All compounds were ionized in positive mode. 
Nitrogen was used as both the collision gas and nebulizing gas. Identification of all compounds 





6.3 Results and Discussion 
6.3.1 Batch adsorption 
6.3.1.1 Unwashed materials 
Figure 6-1 shows the adsorption isotherms of the 6 nitrosamines by unwashed sludge 
derived materials, and Table 6-1 presents the observed adsorption capacity at the highest 
contaminant loading.  
NDBA and NMEA could be adsorbed by all four materials (maximum adsorbed amount 
of 6.1 mg/g and 7.2 mg/g, respectively), and the amount adsorbed increased as the input 
concentration increased (i.e., a “normal” adsorption isotherm, Figure 6-1). NDMA and NDPA 
could be removed by the three sewage sludge containing materials (maximum adsorbed amount 
of 1.4 mg/g and 2.2 mg/g, respectively) but not the F_950 material. The amount of NDPA adsorbed 
by the SS75F25_950 material actually decreased at the highest two contaminant loadings, 
suggesting competitive adsorption among the nitrosamines (Figure 6-1). NDEA and NPYR could 
be barely removed by the SS_950 and SS90F10_950 materials (maximum adsorbed amount ≤0.7 
mg/g) and could not be adsorbed by the SS75F25_950 or F_950 materials at all.  
As far as the different adsorbents are concerned, the SS_950 material (sewage sludge only) 
could remove all of the 6 nitrosamines and the total capacity is 11.8 mg/g.  The F_950 material 
(fish waste only) could only remove 2 out of the 6 nitrosamines with the total capacity of 9.2 mg/g 
(Table 6-1). Adding 10-25% of fish waste to the composite materials (i.e., the SS90F10_950 and 
SS75F25_950 materials) lead to slightly increased capacities (13.2-14.9 mg/g) with respect to the 









SS90F10_950 performed better on the adsorption of NDBA and NDPA (with the maximum 
adsorbed amount of 6.1 mg/g and 1.6 mg/g, respectively) than SS75S25_950, whereas the latter 
adsorbed more NMEA (with the maximum adsorption of 7.2 mg/g) than the former (Figure 6-1 
and Table 6-1). 
 
Table 6-1 Adsorption at the highest contaminant loading for unwashed materials 




F_950 3.9 0.0 0.0 0.0 5.3 0.0 9.2 
SS75F25_950 5.3 0.2 0.0 0.0 7.2 0.5 13.2 
SS90F10_950 6.1 1.6 0.4 0.3 5.0 1.4 14.9 
SS_950 5.7 2.2 0.7 0.1 2.1 1.2 11.8 
AC 11.0 10.6 6.2 5.2 3.1 2.5 38.7 
  
6.3.1.2 Acid washed materials 
Figure 6-2 shows the adsorption isotherms of the 6 nitrosamines by four acid-washed 
composite materials and Table 6-2 presents the observed adsorption capacity at the maximum 
contaminant loading.  As seen in Figure 6-2, NDBA, NEDA, NDMA, and NMEA could be 
adsorbed by the four materials tested here to various degrees, whereas NPYR could be adsorbed 
by 3 materials and NDPA could only be adsorbed by 2 materials. Some competitive adsorption 
was evident for NDPA where the adsorbed amount dropped as the input concentration increased.  
For the two materials obtained at 950 oC, SS90F10_950_W adsorbed more NDPA than 
SS75F25_950_W (2.0 mg/g vs. 1.2 mg/g), while the latter adsorbed more NDEA, NPYR, and 




produced composite materials with somewhat different surface features and adsorption towards 
different nitrosamines.  
Total adsorption capacity toward the 6 nitrosamines is 14.0 mg/g and 17.0 mg/g for 
SS90F10_950_W and SS75F25_950_W, respectively. These amounts are 2-3 times the adsorption 
capacities of the corresponding materials obtained at 650 oC (4.3 mg/g for SS90F10_650_W and 
6.8 mg/g for SS75F25_650_W). It was reported previously that higher pyrolysis temperatures 
would benefit the development of pore structure and surface area of adsorbents [133, 153]. For the 
acid washed SS90F10 and SS75F25 materials the surface area and pore volumes almost doubled 
when the pyrolysis temperature increased from 650 oC to 950 oC (see Table 5-1 in Chapter 5), 
leading to much improved adsorption for the nitrosamines.  
Acid wash significantly increased the adsorption for NDBA but drastically reduced the 
adsorption for NDEA, and slightly improved the total adsorption capacity (cf. Table 6-1 and 6-2 
for the SS90F10_950 and SS75F25_950 materials). As seen Table 5-1, the surface area and pore 
volumes increased significantly after acid wash for these two materials as the result of dissolution 
of some basic oxides such as CaO formed during the pyrolysis and removal of tarry residues 
formed during pyrolysis [1, 133]. While acid wash significantly enhanced the adsorption of 
pharmaceuticals and EDCs (Chapter 5), the improvement for nitrosamine adsorption was marginal.  
Compared with the activated carbon employed in this study (WVA-900), the total capacity 
of the best performed sludge derived material (SS75F25_950-W) was close to one half of that of 
the activated carbon, even though its surface area and pore volume are only about 1/7 of those of 




washed materials are better than or comparable to those of many other materials such as modified 
zeolite, mesoporous silica, and metal impregnated activated carbons [206-208].  





 NDBA NDPA NDEA NPYR NMEA NDMA SUM 
SS90F10_650_W 1.4 0.0 1.5 0.0 0.5 0.8 4.3 
SS90F10_950_W 9.0 2.0 0.5 1.0 0.6 0.8 14.0 
SS75F25_650_W 1.7 0.0 0.9 2.5 1.2 0.4 6.8 
SS75F25_950_W 8.9 1.2 1.4 2.7 1.9 0.9 17.0 
AC 11.0 10.6 6.2 5.2 3.1 2.5 38.7 
 
Figure 6-3 presents the plots of amount adsorbed vs. logKow of the nitrosamines for the 
acid washed composite materials and activated carbon. It appears that the adsorption of 
nitrosamines is dominated by the hydrophobicity (logKow) of the compounds, especially for the 
adsorption to the activated carbon (R2=0.92, Figure 6-3). The correlation coefficients for 
SS90F10_950-W and SS75F25_950-W are a bit lower (0.61-0.73), suggesting that factors other 
than hydrophobicity may also play some roles in the adsorption. For instance, it was reported that 
the adsorption of nitrosamines was strongly affected by the size matching between the compounds 












Figure 6-3 The correlation between hydrophobicity (logKow) of nitrosamines and adsorption. 
  
As previously described, the sludge based adsorbents contain many metals such as Ca, Fe, 
Cu and Zn [34]. The cations in the adsorbents took charge in attracting nitrosamines because 
electrostatic attraction could be established between the N-N=O group and cations [206]. There 
were evidence that Cu impregnated zeolite could improve the overall adsorption of nitrosamines 
even though the impregnation might negatively affect the pore volume of the host [209]. In our 
case, the metal oxides contained in the raw sludge could play a similar role as the impregnated 
copper. This may be the reason that sludge based adsorbents could adsorb more nitrosamines than 




y = 3.2597x + 4.5776
R² = 0.9202
y = 2.6442x + 0.8208
R² = 0.7316

























6.3.2 Column transport experiments 
Column transport experiments were also carried out to evaluate the performance of the 
adsorbents under dynamic flow through conditions. Based on the performance in batch adsorption, 
SS90F10_950_W and SS75F25_950_W were selected for rapid small scale column test (RSSCT). 
Figure 6-4 shows the breakthrough curves of the 6 nitrosamines as well as the sum of the 6 
compounds. The duplicate columns generated very similar results, indicating good reproducibility. 
The jumps in the breakthrough curves were probably generated by the temporary suspension and 
resume of pumping while refilling the input reservoir.  
The order of nitrosamines reaching a full breakthrough during column transport was similar 
to their extent of being adsorbed during batch experiments, i.e., the compounds which were poorly 
adsorbed in batch experiments broke through the columns faster, and vice versa. With influent 
concentration of 0.5 mg/L each, NDMA, NMEA, NPYR reached full breakthrough between 300 
and 500 bed volumes, closely followed by NDEA at about 1000 bed volumes. Only about 30-40% 
of the NDBA broke through the columns at the end of the experiments (~ 6000 bed volumes). It is 
worth noting that NDPA achieved a full breakthrough at about 4000 bed volumes, however, its 
concentration in effluent kept rising and slightly exceeded the input concentration. This is probably 
because NDBA was competing with NDPA and has partially replaced NDPA from its adsorption 






Figure 6-4 Breakthrough curves of the 6 nitrosamines as well as the sum of the 6 compounds 
 
Table 6-3 Nitrosamines adsorbed in batch (at highest loading) and column transport experiment 
 Column Batch 
Qe (mg/g) SS90F10_950_W SS75F25_950_W SS90F10_950_W SS75F25_950_W 
NDBA 3.06 3.23 9.04 8.93 
NDPA 0.68 0.66 1.98 1.25 
NDEA 0.19 0.17 0.51 1.35 
NPYR 0.00 0.00 1.01 2.67 
NMEA 0.02 0.01 0.64 1.93 
NDMA 0.13 0.12 0.83 0.88 




The adsorbed amount of each compound in the RSSCT was calculated by integrating its 
breakthrough curve using the OriginPro software and the results are summarized in Table 6-3. 
NPYR and NMEA were barely removed from the solution. NDMA and NDEA were also not 
retained much by the columns. NDPA was removed at the amount about 0.7 mg/g by the sludge 
derived adsorbents. Similar to what was observed in batch experiment, NDBA was the most 
effectively removed compound. The amount adsorbed was around 3.5 mg/g, accounting for 77% 
of the total amount of nitrosamines removed by the columns at the end of the experiments.  
From Table 6-3 it is seen that NDPA was the most adsorbed nitrosamine in both batch and 
column experiments. NPYR and NMEA were adsorbed to a moderate degree in the batch tests but 
were barely removed in the column experiments. Overall, the amount of nitrosamines removed 
during batch tests was 3 to 4 times higher than the amount removed during column tests (Figures 
6-5 and 6-6). This difference could be attributed to the significantly lower input concentration and 
shorter residence time in the column tests (0.5 mg/L each and 4.3 min empty bed contact time) 
with respect to those in the batch tests (up to 100 mg/L per compound and 18 hours of equilibrium 
time). Short contact time may significantly reduce the amount adsorbed if the adsorption process 





Figure 6-5 Comparison of maximum adsorption of individual analyte by acid washed materials, 
tested in batch adsorption and column transport experiment. 
 
 
Figure 6-6 Comparison of total adsorption capacities of acid washed materials measured in 





The performance of sewage sludge and fish waste based composite materials on the 
removal of 6 nitrosamines from water was evaluated under batch equilibrium and dynamic flow 
through conditions.  The adsorption capacity of the composite materials increased as the pyrolysis 
temperature increased, likely due to the increased surface area and porosity. Acid wash only 
improved the adsorption marginally. The adsorption capacities towards nitrosamines (14.0-17.0 
mg/g) for the acid washed materials are better than or comparable to those of many other materials 
such as modified zeolite, mesoporous silica, and metal impregnated activated carbons.  The strong 
correlation between the adsorbed amount and logKow values of the compounds suggests that 
hydrophobic interaction plays a significant role on adsorption on the composite materials. Other 
mechanisms may include the interaction between N=O group with metals presented in the 
materials. The maximum amount of nitrosamines adsorbed during batch tests is 3-4 times of that 




Chapter 7 Future Research 
The conversion of sewage sludge and other wastes to composite adsorbents is a promising 
means of reusing these wastes. However, there are still some drawbacks of sludge based adsorbents 
(SBAs) comparing to commercial activated carbons, especially in large scale production and 
applications. More efforts are needed in order to apply these materials in drinking water treatment, 
but the application in industrial wastewater and toxic gas treatment is tangible. 
One drawback of the SBAs is that the content of sewage sludge and other wastes could 
vary from place to place and from time to time, and the properties of the resultant SBAs would 
vary depending upon the nature of the raw materials. As such, quality control of the SBAs is 
expected to be challenging. It would be very helpful if raw materials from WWTPs and other 
sources could be collected regularly and the properties of the products be compared. Routine tests 
of the raw materials and SBAs are necessary to ensure consistent material properties.  
The leachable metals presented in the sludge derived materials would not be a problem for 
wastewater or toxic gas treatment, but care needs to be taken for drinking water treatment. The 
effluent of treated water should be closely monitored. Even though it was proved in this study that 
acetic acid wash could significantly reduce leachable metals, long-term studies (e.g., a few months) 
are needed to ensure the safety of these recycled materials in drinking water treatment.  
In addition to acetic acid wash, it would be of a great interest to examine if phosphate acid 
could be used as washing solution. Phosphate, zero valent iron (ZVI) or other modifiers could be 




as manganese, iron and zinc, which is detected in high concentrations in the sludge materials. ZVI 
has been proved to have a great ability to remove multiple metals from aqueous solution. At least, 
a subsequent column packed with sand and ZVI could effectively remove leached metals and 
provide a safety guard [210].  
After pyrolysis, the SBAs could be coated with metal oxides or ZVI, which may change 
their surface features. For example, CuO and TiO2 coated zeolite have been applied to remove 
organic contaminants from water [209, 211, 212]. Iron coated zeolite was used to adsorb multiple 
heavy metals from water [213]. ZVI coated sand was also used to remove As (III) from water 
[214]. The surface chemistry alternation could produce application-specific adsorbents.  
Currently, the SBAs do not have an advantage in surface area and pore volumes in 
comparison with activated carbons. Due to the low carbon content, physical activation did not 
yield high surface area [1]. Chemical activation (KOH) seems to work very well on activating 
SBAs, but resulting highly alkaline adsorbents which would be applicable for waste gas treatment 
but not water treatment. Utilization of novel activation techniques (e.g., chemical activation under 
a gasifying atmosphere) could be a future direction. Another feasible way is to mix the raw sludge 
with other bio-wastes such as sawdust, straws or food scraps to increase the carbon content and 
produce granular adsorbents.  
Exhausted gas produced during pyrolysis is another concern because it may contain toxic 
contents such as PAHs [215]. There may also be pyrolysis liquid produced which may contain 
polyaromatic ketones and monoaromatics [216]. In the meanwhile, both the syngas and bio-oils 




energy needed to dry and pyrolyze the raw materials, but more efforts are needed to reduce the 
production of tars and to improve gas yield and quality (i.e., more light gases).  
At last, the management of exhausted adsorbents has not been addressed. It is expected that 
the regeneration of the adsorbents saturated with organic contaminants would produce materials 
with higher carbon content at much lower energy cost than using raw sewage materials. However, 
the mechanical strength of the regenerated materials as well as the adsorption capacities for organic 






















AMO 366.1/349.2 366.1/114.1 51 13 20 
PEN-G 335.1/91.1 335.1/217.0 91 71 16 
ENR 360.2/316.2 360.2/342.1 61 29 22 
OFL 362.1/318.0 362.1/261.1 61 27 18 
SDZ 251.0/156.0 251.0/108.0 66 21 8 
SMZ 279.1/65.1 279.1/124.1 46 75 10 
SMX 254.0/65.0 254.0/92.0 61 65 10 
ERY 734.5/83.2 734.5/158.2 81 77 14 
OTC 461.2/426.2 461.2/443.2 56 29 12 
CTC 479.1/462.2 479.1/444.2 66 25 30 
CHP 323.0/275.0 323.0/304.9 66 21 14 
CBZ 237.0/194.1 237.0/193.2 76 29 12 







Table A5 R2 values of linear fitting of peak area vs. concentration for all of the compounds with 
or without NOM.  
 Constant ratio experiments (CC II) Constant concentration experiments 
(CC III) 
R2 Control* SRNOM NRNOM SRFA Control* SRNOM NRNOM SRFA 
AMO 0.996 0.999 0.997 0.999 0.999 0.999 1.000 1.000 
PEN-G 0.996 0.995 0.996 0.997 0.999 0.999 0.999 0.999 
ENR 0.988 0.979 0.985 0.989 0.947 1.000 0.995 0.978 
OFL 0.986 0.980 0.982 0.997 0.971 0.999 0.996 0.977 
SDZ 0.993 0.994 0.994 0.992 0.996 0.996 0.996 0.994 
SMZ 0.999 0.998 0.998 0.998 1.000 1.000 0.999 0.999 
SMX 0.997 0.996 0.996 0.997 0.999 0.998 0.998 0.999 
ERY 0.998 1.000 0.999 0.999 0.999 0.998 0.999 0.998 
OTC 0.999 0.998 0.998 1.000 0.998 0.996 0.995 0.995 
CTC 0.995 0.997 0.998 1.000 0.996 0.999 0.996 0.999 
CHP 0.998 0.995 0.996 0.996 0.998 0.999 0.999 0.999 
CBZ 0.962 0.964 0.959 0.962 0.969 0.969 0.971 0.971 
PRM 0.996 0.997 0.997 0.996 0.998 0.998 0.999 0.999 










Table B6 Formula, molecular weight (MW), pKa, solubility, and logKow of the antibiotics and anticonvulsants examined in this study. 
Compound Abbr. Formula MW pKa Solubility 
(mg/L) 
logKow 
Amoxicillin AMO C16H19N3O5S 365.4 2.4 (carboxylic acid group)  
7.4 (basic amine group) 
9.6 (acidic hydroxide group) [56] 




PEN-G C16H17KN2O4S 372.5 2.8 (free carboxylic acid group) [219] very soluble 1.83 
[218] 
Enrofloxacin ENR C19H22FN3O3 359.4 3.85 (carboxylic acid group) 
6.19/7.59/9.86, assigned in order to three 
basic 
nitrogen sites starting from ring 1 (nalidixic 
acid group) to ring 3 (fluoro group) [56, 
220] 
146 [221] 1.1 
[222] 
Ofloxacin OFL C18H20FN3O4 361.4 5.97 (carboxylic acid group) 
8.28 (basic piperazinyl group) [223] 
190 [218] 0.35 
[222] 
Sulfadiazine SDZ C10H10N4O2S 250.3 1.57 (basic amine group) 
6.50 (acidic amide group) [224] 
67 [225] -0.092 
[226] 
Sulfamethazine SMZ C12H14N4O2S 278.3 2.07 (basic amine group) 
7.49 (acidic amide group) [220] 







SMX C10H11N3O3S 253.3 1.85 (basic amine group) 
5.6 (acidic amide group) [220] 
353 [225] 0.89 
[227] 




OTC C22H24N2O9∙HCl 496.9 3.22 (acidic tricarbonyl group) 
7.46 (acidic -diketone group) 
8.94 (basic dimethylamino group) [220] 






515.3 3.33 (acidic tricarbonyl group) 
7.55 (acidic -diketone group) 
9.33 (basic dimethylamino group) [220] 




CHP C11H12Cl2N2O5 323.1 11 [229] 2500 [222] 1.14 
[222] 
Carbamazepine CBZ C15H12N2O 236.3 <1, 13.9 (amino group) [230] 78 [218] 1.51 
[231] 






Table B7 Concentrations (mg/L) and corresponding loadings (mg/g) of pharmaceuticals used in 
the isotherm study. Each of the 12 solutions contains all 13 compounds. ENR, OFL, SZ, and 
CBZ have solubilities less than 200 mg/L and therefore lower concentrations were used.  
Solution No. #1 #2 #3 #4 #5 #6 #7 #8 #9 #10 #11 #12 
Volume of solution 1 mL 10 mL 
AMO, PEN-G, SMZ, 
SMX, ERY, CHP, 
PRM 
0.1 0.5 1 5 10 15 20 50 100 200 100 200 
ENR 0.1 0.5 1 5 10 15 20 40 60 80 60 80 
OFL 0.1 0.5 1 5 10 15 20 38 76 151 76 151 
SDZ 0.1 0.5 1 5 10 15 20 30 40 50 40 50 
OTC 0.1 0.5 1 5 10 14 19 46 93 186 93 186 
CTC 0.1 0.5 1 5 9 14 19 47 94 187 94 187 














Table B8 MRM transitions used to identify (both transitions) and quantify (primary transition) 
the antibiotics and anticonvulsants.  




Amoxicillin AMO 366.1/349.2 366.1/114.1 
Penicillin-G PEN-G 335.1/91.1 335.1/217.0 
Enrofloxacin ENR 360.2/316.2 360.2/342.1 
Ofloxacin OFL 362.1/318.0 362.1/261.1 
Sulfadiazine SDZ 251.0/156.0 251.0/108.0 
Sulfamethazine SMZ 279.1/65.1 279.1/124.1 
Sulfamethoxazole SMX 254.0/65.0 254.0/92.0 
Erythromycin ERY 734.5/83.2 734.5/158.2 
Oxytetracycline OTC 461.2/426.2 461.2/443.2 
Chlortetracycline CTC 479.1/462.2 479.1/444.2 
Chloramphenicol CHP 323.0/275.0 323.0/304.9 
Carbamazepine CBZ 237.0/194.1 237.0/193.2 




Table B9 Solution pH at adsorption equilibrium. 
 SS650 WO650 SSWO650 SS950 WO950 SSWO950 
1 mL 
solution 
8.7±0.2 8.6±0.2 8.7±0.1 8.4±0.3 8.4±0.1 8.3±0.2 
10 mL 
solution 






Table B10 Fraction of species (%) of the analytes at pH of 6.8 and 8.7 
Compounds  Fraction of species (%) 
AMO  ○⊕○ ⊕○ ○○ ○   
pH 6.8 0.00 79.90 20.07 0.03  
pH 8.7 0.00 4.26 85.03 10.71  
PEN-G   ○    
pH 6.8  0.01 99.99   
pH 8.7  0.00 100.00   
ENR  ○⊕⊕⊕ ⊕⊕⊕ ○⊕⊕ ○○⊕ ○○ 
pH 6.8 0.02 17.43 71.02 11.52 0.01 
pH 8.7 0.00 0.02 6.77 87.18 6.03 
OFL  ○⊕ ⊕ ○   
pH 6.8 12.52 84.67 2.80   
pH 8.7 0.05 27.53 72.42   
  ○⊕ ○○ ○    
SDZ pH 6.8 0.00 33.39 66.61   
pH 8.7 0.00 0.63 99.37   
SMZ pH 6.8 0.00 83.04 16.96   
pH 8.7 0.00 5.81 94.19   
SMX pH 6.8 0.00 5.94 94.06   
pH 8.7 0.00 0.08 99.92   
ERY  ⊕ ○    
pH 6.8 99.21 0.79    
pH 8.7 61.31 38.69    
  ○○⊕ ○⊕ ⊕ ○  
OTC pH 6.8 0.02 81.93 17.92 0.13  
pH 8.7 0.00 3.52 61.24 35.24  
CTC pH 6.8 0.03 84.84 15.09 0.04  
pH 8.7 0.00 5.42 76.62 17.96  
CHP   ○    
pH 6.8  99.99 0.01   
pH 8.7  99.50 0.50   
CBZ  ⊕ ○    
pH 6.8 0.00 100.00 0.00   
pH 8.7 0.00 100.00 0.00   
PRM   ○    
pH 6.8  100.00 0.00   





















Table C11 physicochemical properties of the adsorbates. 

























33 5 91.2 -0.15 -3.39 
amine 
group 
aCalculated by ChemOffice (CambridgeSoft) 





Table C12 Leaching of unwashed composite materials by DI water, tap water, and TCLP fluid. Concentrations are in μg/L. 




EU 200 – 10 – – 5 – 50 1,000 1 – 50 – 20 10 – 5 10 – – – 50 – 
USA 200 100 10 2,000 4 5 – 100 1,000 2 – 50 – – 15 – 6 50 – 2 30 – 5,000 
SS_650 DI 1461.0 0.0 0.0 203.0 0.0 0.0 0.0 1.6 0.0 0.6 0.0 1.9 50.1 2.6 8.4 0.0 5.0 11.2 3.2 0.9 1.3 3.1 6.9 
TAP 1390.1 0.0 0.0 204.2 0.0 0.0 0.0 1.4 0.0 0.5 0.0 1.9 53.4 2.6 7.2 0.0 5.0 11.9 3.0 0.9 1.3 3.2 5.5 
TCLP 48.4 0.0 0.2 248.1 0.0 0.0 0.0 5.8 2.9 0.6 0.0 99.1 48.1 8.5 3.7 0.0 13.9 2.1 3.0 0.9 1.7 3.7 6.4 
SS_950 DI 3069.2 0.0 1.5 19.8 0.0 0.0 0.0 7.5 0.4 1.4 0.0 2.6 99.3 0.0 3.5 0.0 14.5 23.2 2.9 0.9 1.3 21.2 4.5 
TAP 2825.9 0.0 1.3 17.3 0.0 0.0 0.0 7.3 0.9 1.2 0.0 2.5 86.6 0.0 3.5 0.0 14.1 27.5 2.9 0.9 1.4 20.1 3.7 
TCLP 5.7 0.0 9.5 80.8 0.0 0.0 0.0 5.4 3.7 0.3 0.0 815.2 46.8 7.6 3.5 0.0 10.2 2.7 2.9 0.9 1.4 5.9 0.0 
SS90F10_650 DI 2626.3 0.0 0.1 222.0 0.0 0.0 0.0 1.5 0.0 0.4 0.0 2.0 33.5 3.3 5.4 0.0 2.8 2.8 3.9 0.9 1.3 2.9 8.4 
TAP 4574.3 0.0 0.1 196.9 0.0 0.0 0.0 1.5 0.0 0.4 0.0 1.9 34.4 2.8 4.9 0.0 3.1 3.1 3.2 0.9 1.3 3.0 8.5 
TCLP 82.0 0.0 11.4 65.5 0.0 0.7 17.6 6.7 37.9 0.1 0.0 1477.4 10.8 56.7 7.4 0.0 6.7 1.3 3.3 1.0 1.3 2.8 742.5 
SS90F10_950 DI 3803.9 0.0 0.0 60.6 0.0 0.0 0.0 1.5 0.0 1.0 0.0 2.2 109.2 0.9 4.0 0.0 7.4 2.4 2.9 0.9 1.3 8.5 4.9 
TAP 3777.0 0.0 0.0 62.7 0.0 0.0 0.0 1.4 0.0 1.0 0.0 2.1 103.1 0.7 3.9 0.0 7.5 2.5 2.9 0.9 1.3 8.2 4.4 
TCLP 5.9 0.0 10.6 40.9 0.0 0.0 25.3 5.0 0.3 0.2 0.0 4196.0 2.9 64.2 3.5 0.0 28.6 0.0 3.0 0.9 1.2 2.1 83.4 
SS75F25_650 DI 3229.7 0.0 0.0 142.1 0.0 0.0 0.0 2.1 0.0 0.3 0.0 2.0 13.0 1.0 4.0 0.0 2.1 1.6 3.6 0.9 1.3 2.6 5.4 
TAP 3390.5 0.0 0.0 146.4 0.0 0.0 0.0 2.2 0.0 0.3 0.0 2.0 12.7 1.1 4.0 0.0 2.0 1.4 3.1 0.9 1.2 2.7 4.3 
TCLP 21.0 0.0 3.8 73.0 0.0 0.0 1.6 5.5 2.3 0.1 0.0 610.7 8.3 18.9 4.8 0.0 4.0 3.0 3.2 0.9 1.3 2.7 91.3 
SS75F25_950 DI 3730.5 0.0 0.0 73.9 0.0 0.0 0.0 1.5 0.4 0.8 0.0 2.1 70.7 1.1 3.9 0.0 3.1 1.3 2.9 0.9 1.2 4.9 6.0 
TAP 3362.7 0.0 0.0 59.0 0.0 0.0 0.0 1.6 0.4 0.9 0.0 2.0 68.7 0.7 3.7 0.0 3.4 0.7 2.9 0.9 1.3 5.4 5.2 
TCLP 0.0 0.0 8.0 50.3 0.0 0.0 8.8 3.8 2.9 0.2 0.0 1545.0 28.1 39.3 3.5 0.0 11.8 0.0 3.0 0.9 1.2 2.1 3.5 
SS50F50_650 DI 6070.6 0.0 0.2 134.6 0.0 0.0 0.0 3.6 2.0 0.3 0.0 5.8 15.2 1.5 7.5 0.0 1.4 2.5 3.5 0.9 1.3 2.6 19.3 
TAP 17547.6 0.0 0.3 85.8 0.0 0.0 0.0 2.0 0.0 0.4 0.0 2.1 18.2 0.6 3.8 0.0 1.4 2.3 3.1 0.9 1.2 2.6 1.0 
TCLP 0.0 0.0 1.1 86.2 0.0 0.0 0.1 3.7 0.0 0.1 0.0 188.5 9.2 12.2 3.6 0.0 1.8 1.1 3.1 0.9 1.3 2.6 1.4 
SS50F50_950 DI 777.4 0.0 0.8 224.0 0.0 0.0 0.0 1.5 0.2 0.4 0.0 2.1 42.6 4.6 10.2 0.0 1.6 12.9 2.9 0.9 1.2 3.1 5.0 
TAP 301.0 0.0 0.6 253.6 0.0 0.0 0.0 1.4 0.0 0.4 0.0 2.1 41.2 5.8 10.4 0.0 1.5 10.1 2.9 0.9 1.2 3.1 4.3 
TCLP 0.0 0.0 0.1 181.9 0.0 0.0 0.4 3.6 5.3 0.3 0.0 219.3 27.6 13.0 3.5 0.0 4.4 1.6 3.0 0.9 1.8 3.8 0.0 




TAP 6.0 0.0 0.5 88.9 0.0 0.0 0.0 1.5 0.3 0.1 0.0 2.2 1.4 8.6 3.5 0.0 1.2 4.3 3.0 0.9 1.2 5.0 0.0 
TCLP 0.0 0.0 0.0 100.1 0.0 0.0 0.5 3.7 0.3 0.1 0.0 1.9 1.0 15.5 4.8 0.0 1.2 1.1 2.9 0.9 1.2 4.2 0.0 
F_950 DI 0.0 0.0 0.7 176.5 0.0 0.0 1.3 1.9 0.2 0.1 0.0 2.2 1.9 15.4 33.7 0.0 1.2 5.2 2.9 0.9 1.2 5.2 11.3 
TAP 0.0 0.0 0.8 150.5 0.0 0.0 1.2 1.9 0.4 0.1 0.0 2.2 1.9 15.7 28.5 0.0 1.2 5.2 2.9 0.9 1.2 5.2 8.0 
TCLP 0.0 0.0 0.0 169.1 0.0 0.0 2.6 3.4 0.2 0.1 0.0 2.0 1.6 27.2 25.2 0.0 1.2 1.1 2.9 0.9 1.2 4.2 5.5 
 
Table C13 pH of leachate from composite materials 
Unwashed materials 
Solution SS_650 SS_950 SS90F10_650 SS90F10_950 SS75F25_650 SS75F25_950 SS50F50_650 SS50F50_950 F_650 F_950 
DI water 12.12 11.3 12.06 11.61 11.68 11.85 12.1 12.59 12.91 12.9 
Tap water 12.17 11.33 11.97 11.67 11.79 11.8 11.86 12.69 12.88 12.96 
TCLP 7.83 7.41 5.14 5.41 5.33 5.68 5.93 7.92 10.51 12.69 
HCl washed materials 
Solution SS_650 SS_950 SS90F10_650 SS90F10_950 SS75F25_650 SS75F25_950 SS50F50_650 SS50F50_950 F_650 F_950 
DI water 2.68 3.23 2.5 3.2 2.53 3.3 2.74 3.29 6.31 6 
Acetic acid washed materials 
Solution SS_650 SS_950 SS90F10_650 SS90F10_950 SS75F25_650 SS75F25_950 SS50F50_650 SS50F50_950 F_650 F_950 
DI water 6.44 6.17 6.5 6.34 7.07 7.14 7.79 8.1 9.52 12.84 







Table C14 Major mineral phases present in sludge composites 
Silicates Phosphate/Phosphide Carbonate/Sulfate Oxide 














Iron oxide (FeO) 
 
 
Table C15 Leaching of HCl washed composite materials by DI water. Concentrations are in μg/L 
 Al Ag As Ba Be Cd Co Cr Cu Hg Kr Mn Mo Ni Pb Ru Sb Se Th Tl U V Zn 
EU Limit 200 – 10 – – 5 – 50 1000 1 – 50 – 20 10 – 5 10 – – – 50 – 
USA Limit 200 100 10 2000 4 5 – 100 1000 2 – 50 – – 15 – 6 50 – 2 30 – 5000 
SS_650 33974.3 0.0 6.0 183.0 0.0 10.1 34.0 44.1 3655.0 0.0 0.0 505.3 3.4 142.6 578.7 33.5 3.8 0.0 1.9 0.6 1.3 3.6 13239.3 
SS_950 9148.6 0.0 6.5 72.7 0.0 0.0 35.5 26.0 2606.1 0.1 0.0 893.4 2.8 175.1 1.7 33.5 1.0 0.0 1.9 0.0 0.8 2.1 745.6 
SS90F10_650 40432.9 0.0 11.0 298.0 0.0 120.4 67.4 48.7 8326.4 0.0 0.0 916.8 2.9 200.1 988.5 100.9 2.8 0.0 1.9 0.4 2.0 8.5 20944.2 
SS90F10_950 13648.9 0.0 10.1 75.9 0.0 0.0 78.1 29.1 10596.7 0.1 0.0 1151.7 2.9 208.8 5.8 83.3 1.3 0.0 1.9 0.0 0.9 2.9 5015.6 
SS75F25_650 26893.8 0.0 11.0 229.4 0.0 38.2 30.8 46.1 4614.7 0.1 0.0 802.2 3.3 149.2 548.2 77.5 3.1 0.0 1.9 0.5 1.6 6.4 16061.4 
SS75F25_950 8345.7 0.0 12.5 87.8 0.0 0.0 42.6 20.4 4286.1 0.1 0.0 1121.6 2.9 181.5 4.4 68.7 1.7 0.8 2.0 0.0 0.8 2.2 3887.4 
SS50F50_650 14393.6 0.0 8.5 224.2 0.0 23.4 25.1 31.6 610.5 0.1 0.0 737.8 2.7 109.4 223.5 42.3 2.5 0.0 2.0 0.6 0.9 3.7 11687.5 
SS50F50_950 7484.7 0.0 16.1 180.3 0.0 0.0 34.0 16.4 4687.1 0.1 0.0 1142.4 2.7 136.8 5.4 98.0 1.4 2.7 2.0 0.0 0.8 2.4 6273.2 
F_650 4.7 0.0 0.0 65.2 0.0 0.0 0.0 0.0 0.0 0.1 0.0 12.1 4.3 1.7 1.5 30.5 0.1 0.0 2.3 0.0 0.6 1.7 1.5 





Table C16 Leaching of acetic acid washed composite materials by DI water, tap water, and 
TCLP fluid. Concentrations are in μg/L 
    Ag Al As Ba Cd Co 
  EU - 200 10 - 5 - 
US 100 200 10 2,000 5 - 
TCLP 5000 - 5000 100,000 1000 - 
SS90F10_650 DI Water 0.22±0.3
7 
10.9±2.2 6.5±0.1 11.0±0.4 0.31±0.0 1.79±0.0
3 




24.7±0.4 77.5±1.2 3.7±0.4 38.6±3.1 
SS90F10_950 DI Water 0±0 7.3±1.8 18.8±0.6 21.9±0.6 0.13±0.03 33.0±0.9 
TAP 0±0 7.9±1.7 18.5±0.6 21.3±0.7 0.12±0.01 31.2±0.3 
TCLP 0±0 45.8±2.5 40.2±0.1 71.6±3.3 0.10±0.01 96.1±1.7 
SS75F25_650 DI Water 0±0 33.9±14.4 1.9±0.1 14.3±0.1 0.20±0.01 0.11±0.0
1 




TCLP 0±0 20.5±2.9 12.1±0.2 93.0±4.2 1.33±0.02 2.6±0.1 
SS75F25_950 DI Water 0±0 7.4±1.9 16.5±0.5 31.7±0.8 0.19±0.02 1.47±0.0
3 
TAP 0±0 5.6±0.8 15.4±1.2 35.3±2.6 0.16±0.01 1.40±0.0
7 
TCLP 0±0 41.7±0.9 39.7±0.9 76.6±3.2 0.14±0.01 15.8±0.6 
    Cr Cu Hg Mn Mo Ni 
  EU 50 1000 1 50 - 20 
US 100 1000 2 50 - - 
TCLP 5000 - 200 - - - 




TAP 1.0±0.1 11.4±2.2 0.15±0.0
1 
111.6±1.2 77.6±1.7 2.6±0.2 
TCLP 14.7±0.5 39.3±3.8 0±0 1293.0±14.
5 
42.1±1.1 34.9±0.7 




879.5±15.6 39.8±2.1 38.0±1.0 
TAP 0.54±0.1
0 







SS75F25_650 DI Water 4.3±0.3 1.7±0.7 0.20±0.0
1 
23.9±1.5 66.1±1.9 0±0 
TAP 4.0±0.2 0.36±0.03 0.17±0.0
2 
27.5±1.2 70.5±0.5 0±0 








263.1±9.0 76.4±3.5 8.5±0.2 
TAP 0.73±0.1
0 
26.5±11.9 0.01±0 278.9±7.5 76.1±3.4 8.0±0.3 
TCLP 9.4±0.5 99.4±17.0 0±0 2059.6±79.
1 
23.4±1.4 70.8±0.9 
    Pb Sb Se V Zn   
  EU 10 5 10 50 -   
US 15 6 50 - 5000   
TCLP 5,000 - 1000 - -   
SS90F10_650 DI Water 0.53±0.2
3 
12.5±0.2 19.8±0.3 7.08±0.04 58.7±9.3   
TAP 0.10±0.1
7 
12.9±0.2 21.2±0.7 7.5±0.2 54.6±2.4   
TCLP 5.8±0.2 13.2±0.1 54.3±2.7 3.9±0.2 1056.6±60.
6 
  
SS90F10_950 DI Water 0.24±0.4
1 
24.5±0.7 37.8±0.8 5.1±0.1 132.5±23.5   
TAP 0±0 24.7±0.5 40.9±1.5 5.5±0.1 139.3±20.4   
TCLP 0.52±0.1
5 
21.6±0.4 85.2±2.6 3.63±0.02 964.0±264.
7 
  
SS75F25_650 DI Water 1.8±1.7 9.0±0.1 7.5±0.3 4.3±0.1 20.9±3.1   
TAP 0.10±0.1
6 
9.3±0.2 8.0±0.2 4.73±0.04 12.4±1.1   
TCLP 1.92±0.0
5 
10.3±0.3 31.6±0.4 2.7±0.1 157.4±8.3   
SS75F25_950 DI Water 0±0 22.8±0.8 34.9±1.4 8.8±0.3 1.4±0.2   
TAP 0±0 22.9±0.2 34.4±0.8 8.5±0.1 1.4±0.1   
TCLP 0.25±0.2
4 













Table D17 Properties of pharmaceuticals and EDCs 
Name Abbr. Structure Water 
Solubility 





























Atrazine ATZ  
 




































16 [242] 46.53 12.8 3.18 
[240] 







14 [243] 58.2 10.3 2.47 
[238] 





610 [245] 93.78 13.2 0.89 
[240] 
1.85/5.6 

























* Data from SciFinder 







Table E18 Properties of nitrosamines 










NDMA (CH3)2NNO 74.08 
 
12.8 −0.64 -3.63±0.70 74.9±7.0 1.0048 
N-nitroso-
methylethylamine 
NMEA C3H8N2O 88.11 
 
24.2 −0.15 -3.39±0.70 91.2±7.0 0.9448 
N-nitroso-
diethylamine 
NDEA (C2H5)2NNO 102.14 
 
45.9 0.34 -3.14±0.70 107.4±7.0 0.9422 
N-nitroso-di-n-
propylamine 
NDPA C6H14N2O 130.19 
 






NDBA C8H18N2O 158.24 
 
589 2.31 -3.14±0.70 172.2±7.0 0.9009 
N-nitroso-
pyrrolidine 
NPYR C4H8N2O 100.12 
 
21.3 0.23 -3.14±0.20 80.7±7.0 1.085 
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